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As more regions in the world look to replenish depleted aquifers, treated wastewater (TWW) is 
increasingly infiltrated in Managed Aquifer Recharge (MAR) schemes. While MAR is a promising 
emerging technology, water quality issues—including potential contaminants present in the recharge 
water as well as the possibility of generation of pollutants along the infiltration flow path—should be 
considered. This dissertation documents and evaluates column experiments in which TWW was 
infiltrated through soil containing a considerable amount of organic matter (2.57% organic carbon). 
Three topics were investigated through column experiments: 1) cycling of nitrogen, 2) the fate of non-
antibiotic pharmaceuticals and 3) the fate of antibiotic pharmaceuticals.  
 
In the study of nitrogen cycling, soil column experiments were operated with wetting and drying cycles. 
Ammonium, which was present only in trace concentrations in the TWW, increased in concentration 
with depth in the column and exceeded the EU Water Framework Directive limit of 0.5 mg/L (0.39 
mg(N)/L) for up to a year, depending on the sampling depth. Pore water samples collected at the end 
of drying periods showed very high nitrate concentrations, indicating nitrification of some of the 
ammonium. Oxidation reduction potential often exceeded 200 mV during drying periods, showing 
conditions for nitrification, but dropped to below -100 mV during wetting periods, creating several 
possible pathways for ammonium production. Potential sources of ammonium are (1) dissolved 
organic nitrogen in the TWW, (2) nitrate in the TWW, and (3) organic nitrogen in the soil. δ15N in 
ammonium in pore water samples (mean 4.7 ‰) was slightly higher than δ15N the soil (2.4 ‰), 
indicating that the soil was likely the major source but also that nitrate (mean 17.2 ‰) may have been 
the source of some of the ammonium. Fractionation of 15N in nitrate as well as high (often >10 mg(C)/L 
during the first 50 days of infiltration) concentrations of acetate (a labile form of organic carbon) also 
indicate that dissimilatory nitrate reduction to ammonium may have formed some of the ammonium.  
 
In the study of pharmaceutical compounds, column experiments were conducted under three different 
conditions: continuous infiltration, wetting and drying cycles, and wetting and drying cycles with 
elevated concentrations of antibiotics in the inflow water, which may reduce microbially aided 
degradation of other compounds. A mass balance comparing pharmaceutical mass in the water phase 
over the 16-month duration of the experiments to mass sorbed to the soil was used to infer the mass 
of pharmaceuticals degraded. Results show sorption as the main attenuation mechanism for 
carbamazepine. About half of the mass of diclofenac was degraded with wetting and drying cycles, but 
no significant degradation was found for continuous infiltration, while 32% of infiltrated mass sorbed. 
 
V 
Fenoprofen was degraded in the shallow and aerobic part of the soil, but degradation appeared to 
cease beyond 27 cm depth. Gemfibrozil attenuated through a combination of degradation and 
sorption, with slight increases in attenuation with depth from both mechanisms. Naproxen degraded 
progressively with depth, resulting in attenuation of more than 90% of the mass. In the column with 
elevated concentrations of antibiotics, the antibiotics attenuated to about 50% or less of inflow 
concentrations by 27 cm depth and within this zone, less degradation of the other compounds was 
observed. In this same experiment, the mass balance suggests that the antibiotic sulfamethoxazole 
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1 Introduction  
In many regions worldwide, increasing demand for usable water is creating water supply challenges.  
Managed Aquifer Recharge (MAR) is a set of techniques to inexpensively extend water supplies by 
recharging aquifers with locally available water sources (Dillon, 2005). Recharge techniques used in 
MAR include injection wells and infiltration basins, while treated wastewater (TWW) and captured 
rainwater (e.g. stormwater runoff) are examples of recharge water sources (Dillon et al., 2009). When 
a flowpath through the unsaturated zone exists (e.g. under an infiltration basin), an opportunity for 
treatment of the recharge water exists.  
 
This dissertation focuses on MAR conducted when TWW enters the subsurface through a constructed 
infiltration basin, which is also referred to as Soil Aquifer Treatment (SAT). SAT is often conducted with 
intermittent flooding of the basin, resulting in wetting and drying cycles (Dillon, 2005). In some cases, 
however, MAR is conducted with continuous infiltration, with the main example being (river) bank 
filtration, in which surface water containing some fraction of TWW is infiltrated (Tufenkji et al., 2002; 
Eckert and Irmscher, 2006; Storck et al., 2010; Li et al., 2019). While this dissertation focuses on MAR 
with undiluted TWW, studies of bank filtration are also considered for certain contaminants. 
 
Trace organic compounds (TrOCs), including antibiotic and non-antibiotic pharmaceuticals, have been 
found in TWW and surface water bodies worldwide (Wilkinson et al., 2019). MAR presents an 
opportunity for water quality improvements through (bio)geochemical processes that can occur in the 
unsaturated zone (Dillon et al., 2009). In several cases, attenuation of emerging anthropogenic 
contaminants has been observed (Amy and Drewes, 2007; Laws et al., 2011; Valhondo et al., 2015). 
Improvements in water quality typically occur through sorption and/or biodegradation (Maeng et al., 
2011b). Intermittent drying periods reintroduce oxygen into the subsurface (Dutta et al., 2015), 
allowing for a broad range of (bio)geochemical reactions (Miotlinski et al., 2010). After traveling 
through the unsaturated zone to groundwater, the infiltrated water can be extracted and then used 
for irrigation (Dillon, 2005). In this way, potential exists for water quality improvements before TWW 
is applied to crops.  
 
Infiltration rates are an important topic with implications for both recharged water quantity and 
quality. While sustained faster infiltration rates would enable greater recharge water quantity, a low-
permeability “clogging” layer typically forms, limiting infiltration rates (Miotlinski et al., 2010). Both 
physical clogging (i.e. accumulation of particulate matter) and microbial clogging (e.g. growth of algae) 
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exist, with physical clogging found to play a greater role when recharge water containing more 
particulates (e.g. TWW) is used (Pavelic et al., 2011). Periodic drying periods can help maintain higher 
hydraulic conductivity (Miotlinski et al., 2010), perhaps due to desiccation of the material. Advanced 
wastewater treatment, such as sand filtration and ultraviolet light disinfection, can also help reduce 
clogging (Barry et al., 2017). Infiltration rates of 20 to 1680 cm/d (Powelson et al., 1993; the higher end 
may not represent sustained infiltration), 10 to 100 cm/d (Barry et al., 2017) and 13 cm/d (Baumgarten 
et al., 2011; bank filtration study) have been reported.  
 
While higher infiltration rates may result in greater recharged water quantity, slower infiltration may 
present advantages with respect to water quality. For (bio)degradation of pollutants to occur, longer 
retention times (i.e. lower infiltration rates) may allow for more degradation. Infiltration rate can be 
lowered by choosing sites with finer grained soils, or by adding an artificial layer at the basin surface, 
e.g. a mixture of clay, iron oxide and compost (Valhondo et al., 2015). In some cases, particularly in 
Australia, MAR is done through sandy sediment, such as calcareous sands, containing very little organic 
matter (Bekele et al., 2011; Barry et al., 2017). At other MAR sites the soil is reported to contain up to 
2% organic carbon, e.g. a bank filtration site in Berlin, Germany (Massmann et al., 2006).   
 
In this dissertation, water quality changes are investigated by column experiments in which TWW was 
infiltrated through a loamy sand containing a relatively high fraction of organic matter. The research is 
organized as follows: 
1. Cycling of nitrogen compounds and overall oxidation-reduction (redox) conditions present 
in the soil-TWW system (Chapters 1.1 and 2).  
2. The fate of non-antibiotic pharmaceuticals under different infiltration conditions, 
including one column in which antibiotic pharmaceuticals were spiked in the experiment 
inflow water (Chapters 1.2 and 3).  
3. The fate of antibiotic pharmaceuticals with wetting and drying cycles and spiked 
concentrations (Chapters 1.3 and 4).  
Methods and results are presented in Chapters 2 (nitrogen compounds and redox conditions), 3 (fate 
of non-antibiotic pharmaceuticals), and 4 (fate of antibiotic pharmaceuticals). Chapter 2 contains the 
overall methods for the column experiments as well as methods specific to the study of nitrogen 




This work was completed as part of the European Union FP7 project MARSOL: Demonstrating 
Managed Aquifer Recharge as a Solution to Water Scarcity and Drought, which was intended to 
advance methods that contribute to the development and use of MAR as a robust and safe technology 
for recharging depleted aquifers. MARSOL included work at field sites in the Mediterranean region and 
with different infiltration waters and techniques. The work reported in this dissertation focuses on 
water quality during SAT by means of column experiments, in which the processes occurring during 
infiltration just below the soil surface can be readily studied at a scale of decimeters. 
 
1.1 Nitrogen cycling and redox conditions 
Nitrogen compounds are present in both TWW and soil. In studies of water quality in MAR, much 
attention is given to the fate of pollutants (e.g. TrOCs) present in the recharge water, with less focus 
on pollutants that can be generated along the infiltration flow path. In some MAR applications, 
dissolved inorganic nitrogen (DIN) in its most oxidized form—nitrate—persists in the recharged water 
(Bekele et al., 2011), while in others, nitrate has been attenuated by adding a reactive, organic-rich 
surface layer (Valhondo et al., 2015). While this technique is effective for nitrate and other compounds, 
it has the potential to generate ammonium, the most reduced form of DIN. Ammonium has a much 
lower drinking water limit of 0.5 mg/L (0.39 mg(N)/L) compared to nitrate (50 mg/L, i.e. 39 mg(N)/L) 
(The Council of the European Union, 1998) and both are relevant to the status of surface water and 
groundwater (The Council of the European Union, 2000). The present study considers the redox 
conditions when TWW is infiltrated through a soil with considerable organic matter content, and in 
particular, the effects on nitrogen compounds.  
 
Infiltration in MAR applications is commonly conducted in wetting and drying cycles  (Bouwer, 2002; 
Morugán-Coronado et al., 2011; Goren et al., 2014; Barry et al., 2017), which are effective at re-
introducing oxygen to the subsurface, at least at the macro scale (Dutta et al., 2015). Wastewater 
treatment effluents contain dissolved organic nitrogen (DON), often in concentrations of 1-2 mg/L 
(Parkin and McCarty, 1981; Czerwionka et al., 2012), as well as DIN. In MAR applications, both nitrified-
denitrified (DIN is mostly nitrate) and conventional secondary (DIN is mostly ammonium) effluents 
have been infiltrated (Kopchynski et al., 1996). Infiltration of conventional secondary effluent can 
result in elimination of ammonium mass through a combination of retardation resulting in retention 
in the upper part of the soil, nitrification during drying periods, and denitrification (Table 1-1) and/or 
anaerobic ammonium oxidation during wetting periods (Miller et al., 2006; Goren et al., 2014; 
Hernández-Martínez et al., 2016). This combination of processes, however, has resulted in low 
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(apparent) nitrogen elimination rates in several MAR field applications: around 20% at Alice Springs, 
Australia (Barry et al., 2017), or up to 42% in one instance (Miotlinski et al., 2010); 0-30% at Flushing 
Meadows, Arizona, USA, as well as rates close to 50% at Dan Region, Israel and Sweetwater, Arizona, 
USA (Miller et al., 2006); and temporally and spatially varying elimination as low as 30% at Harkins 
Slough, California, USA (Schmidt et al., 2012). Although slight increases in ammonium concentrations 
during infiltration were observed at the Dan Region site by Goren et al. (2014), the possibility of 
ammonium production within MAR schemes has not been widely studied.  
 
Table 1-1. Nitrogen transforming reactions based on acetate (C2H3O2-) as the organic carbon source 
Process name Chemical reaction 
Nitrification NH4+ + 2O2 → NO3- + 2H+ + H2O 
Denitrification 4NO3- + 3C2H3O2-  → 2N2 + 6HCO3- + 3H+ 
Dissimilatory nitrate reduction to ammonium 
(DNRA) 
NO3- + C2H3O2- + H+ + H2O → NH4+ + 2HCO3- 
The nitrite ion (NO2-) is omitted for simplification. 
 
In a system with TWW infiltrated through a soil with organic matter, several sources of nitrogen are 
present: DON in the TWW, nitrate in the TWW, and organic nitrogen in the soil. Bekele et al. (2011) 
report nitrification from both ammonium and DON in a calcareous aquifer, but nitrate remained 
present as oxidizing conditions persisted. Based on the nitrogen mass balance, some DON had to have 
been ultimately converted to nitrate (Bekele et al., 2011), possibly with DON being mineralized to 
ammonium in an initial step. In a laboratory study infiltrating artificial wastewater, Essandoh et al. 
(2011) found that ammonium was produced from DON. Another possible source of ammonium is 
nitrate. Infiltration of nitrate in soils under reducing conditions often leads to denitrification, but the 
process dissimilatory nitrate reduction to ammonium (DNRA) can also occur (Buresh and Patrick, 
1978). Recent research suggests that some microorganisms are able to perform both nitrate reducing 
processes (Mania et al., 2014; Yoon et al., 2015), and that the environmental conditions, rather than 
the specific microbial species, determine the end product (Kraft et al., 2014). Most researchers agree 
that higher C:N ratios make DNRA more likely, but the exact environmental controls are not known. 
Finally, the soil organic matter is a possible source for ammonium. Some soils contain a substantial 
fraction of mineralizable nitrogen (Stanford and Smith, 1972), which can be accessed by soil microbes 
to form ammonium (Hadas et al., 1992; Murphy et al., 2003). Positive but low δ15N-NH4+ values have 
indicated formation of ammonium in aquifers from mineralization of soil organic matter (Lingle et al., 




To characterize and evaluate the production of ammonium in a MAR-like system, column experiments 
were performed in which TWW was infiltrated through a soil with substantial organic matter content. 
Two experiments were conducted: a long-term experiment (Column I) lasting approximately 615 days, 
and a short-term experiment (Column II) lasting 140 days to study ammonium-forming processes in 
more detail. In both experiments, soil pore water samples were collected from sampling ports along 
the length of the column. In the long-term experiment, only ammonium and nitrate were measured, 
but the total time of the experiment provides an overview of the occurrence of ammonium that can 
be expected and the time necessary for ammonium concentrations to fall below the EU drinking water 
standard. In the short-term experiment, samples were also measured for ions, including acetate (a 
form of labile organic carbon that could influence nitrate reduction), as well as for stable isotopes in 
nitrate and ammonium. Since nitrate is a possible source of ammonium, isotopic data related to the 
fate of nitrate were also collected. Oxygen concentrations were measured to provide information 
related to nitrification and denitrification. With these data, the overall purpose of this work is to 
evaluate the source(s) and mode of origin of ammonium produced in a system simulating MAR.  
 
1.2 Fate of non-antibiotic pharmaceuticals 
A wide range of pharmaceuticals are generally present in TWW, often in concentrations of up to ca. 20 
µg/L (Verlicchi et al., 2012), presenting a pathway for the compounds into environmental waters 
(Nikolaou et al., 2007), including MAR systems (Maeng et al., 2011b). Many studies have investigated 
the occurrence of pharmaceuticals and other TrOCs in groundwater receiving infiltrated TWW (Drewes 
et al., 2003; Amy and Drewes, 2007; Bekele et al., 2011; Patterson et al., 2011). Concentrations 
generally decrease with distance from the infiltration source, but understanding the attenuation 
mechanism(s) is critical. Numerous studies have utilized tracer methods combined with monitoring 
pharmaceutical breakthrough (Matamoros et al., 2008; Rauch-Williams et al., 2010; Hoppe-Jones et 
al., 2012; Burke et al., 2013; Durán-Álvarez et al., 2015) while other studies have included transport 
modeling (Greskowiak et al., 2006; Nham et al., 2015; Hamann et al., 2016) or compared biotic with 
abiotic experiments (Lin et al., 2010; Lin and Gan, 2011; Maeng et al., 2011a; D’Alessio et al., 2015; 
Martínez-Hernández et al., 2015; Zemann et al., 2016).  
 
However, few studies have quantified the mass of pharmaceuticals into a system and the mass 
remaining in the soil after some time period. Banzhaf et al. (2012) performed column experiments 
lasting 71 days and extracted pharmaceuticals from the soil afterwards, finding sorption of almost half 
of the infiltrated carbamazepine but less than 3% of infiltrated diclofenac. In a field-based study of soils 
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from several field sites irrigated with TWW, Kinney et al. (2006) found accumulation of carbamazepine 
in all soils exceeding infiltrated mass monitored over a six-month time period (additional unmonitored 
irrigation also occurred before the monitored period), suggesting that the compound is recalcitrant. 
No accumulation was found for other pharmaceutical compounds, including gemfibrozil. Accumulation 
exceeding the six-month infiltrated mass of the antibiotic sulfamethoxazole was observed by Kinney 
et al. (2006), while Banzhaf et al. (2012) found degradation of sulfamethoxazole where nitrate reducing 
conditions are present. In MAR applications, the fate of pharmaceuticals has been studied extensively 
(Maeng et al., 2011b; Hoppe-Jones et al., 2012; D’Alessio et al., 2015; Nham et al., 2015; Valhondo et 
al., 2015; Hamann et al., 2016), but mass balance approaches are not common. 
 
The aim of this study is to determine the fate of pharmaceutical compounds by quantifying both the 
water (dissolved) and solid (sorbed) phase mass, under conditions of continuous infiltration, wetting 
and drying cycles, and wetting and drying cycles with elevated water-phase concentrations of 
antibiotics. Continuous infiltration was conducted as a reference (with more consistent redox 
conditions) to wetting and drying cycles, which are commonly used in the field (Goren et al., 2014). An 
infiltration water with higher concentrations of antibiotics was used to evaluate the possibility that 
antibiotics commonly present in the environment might reduce microbial degradation of other 
compounds, as well as to investigate the fate of the antibiotics themselves (Chapter 1.3). Oxidation-
reduction potential (ORP) was measured in the column with wetting and drying cycles to observe 
changes in redox conditions with this infiltration mode.  
 
Research on the fate of pharmaceuticals in MAR has shown that concentrations of pharmaceuticals 
generally decrease along the infiltration flowpath, with sorption and degradation playing roles that 
vary by compound (Maeng et al., 2011b). In soils with low organic matter content, sorption typically 
plays less of a role than in organic-rich soils (Chefetz et al., 2008). Meanwhile, several studies have 
shown that some pharmaceuticals (and other TrOCs), including diclofenac, gemfibrozil, and naproxen, 
are degraded better when biodegradable organic carbon (BDOC) concentrations are low, with bacteria 
becoming less selective in utilization of carbon sources (Rauch-Williams et al., 2010; Hoppe-Jones et 
al., 2012; Alidina et al., 2014b). Moreover, some recent studies have found better degradation for 
certain compounds (e.g. diclofenac and sulfamethoxazole) under oxic conditions (Bertelkamp et al., 
2016; Müller et al., 2017). However, with the presence of other contaminants (e.g. nitrate) that are 
better degraded with high BDOC concentrations, reducing conditions are also important. Valhondo et 
al. (2015 and 2018) investigated adding an organic carbon-rich layer at the top of infiltration basins, 
making conditions more reducing. Others have proposed and demonstrated the concept of sequential 
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MAR technology, in which an aeration step follows initial infiltration with higher BDOC conditions 
and/or microbial activity, with the aeration step typically resulting in similar or better degradation of 
TrOCs compared to without aeration (Regnery et al., 2016; Hellauer et al., 2017a; Hellauer et al., 
2017b). This sequential technique may be applicable to combining riverbank filtration (step 1), in which 
wetting and drying cycles are not practical, with extraction, aeration, and reinfiltration in a SAT basin 
(Regnery et al., 2016). In SAT, infiltration is often conducted in wetting and drying cycles (Drewes et 
al., 2003; Goren et al., 2014). He et al., (2016) found better degradation of some compounds, such as 
sulfamethoxazole, with wetting and drying cycles compared to continuous infiltration, but did not find 
a difference for many other compounds (e.g. diclofenac, fenoprofen, gemfibrozil, and naproxen).  
 
For the current study, an organic-rich natural soil from a possible future MAR site in Greece was used. 
With this soil, column experiments were conducted and secondary TWW of mostly domestic urban 
origin was used as inflow water. As sorption is a key process to be quantified, a soil with high organic 
content was chosen as it is expected to increase sorption and retardation of pharmaceuticals (Chefetz 
et al., 2008; Hebig et al., 2017). This study focuses on the pharmaceuticals carbamazepine (an anti-
epileptic medication), diclofenac (a non-steroidal anti-inflammatory drug), gemfibrozil (a cholesterol-
lowering medication), and naproxen (a non-steroidal anti-inflammatory drug), which are each 
commonly found in TWW at concentrations up to ~5-20 μg/L, as well as fenoprofen (a non-steroidal 
anti-inflammatory drug) which is found at lower concentrations (up to ~0.04 μg/L) (Verlicchi et al., 
2012). Many studies of the environmental fate of carbamazepine have found the compound to be 
recalcitrant (Maeng et al., 2011b), although one study found some degradation with an organic-rich 
soil (Banzhaf et al., 2012), while both sorption and degradation of the four remaining compounds have 
been reported (Maeng et al., 2011a,b; Fang et al., 2012). Sampling of the inflow water and soil pore 
water at depths of 12, 27, and 72 cm was conducted during the experiments, with the sampling results 
and measurement of the volume of infiltrated water allowing for calculation of the mass of each 
pharmaceutical passing each sampling port in the water phase. When the experiments ended, the 
pharmaceutical compounds were extracted from soil samples to obtain the mass sorbed to the soil. 
The mass sorbed was then compared to the mass attenuated (i.e., mass that left the water phase) at 
each sampling point to infer the quantity of mass degraded. 
 
1.3 Fate of antibiotic pharmaceuticals 
In addition to considering elevated concentrations of antibiotics in the recharge water as an infiltration 
condition (Chapter 1.2), the fate of three antibiotics—doxycycline, sulfamethoxazole and 
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sulfadimidine—spiked in the inflow water is investigated. Sulfamethoxazole and sulfadimidine (also 
known as sulfamethazine) belong to the sulfonamide class of antibiotics and target a broad range of 
bacteria. Doxycycline is a tetracycline antibiotic and is used to treat a wide variety of infections in the 
human body, as well as in veterinary medicine.  
 
Doxycycline has been detected in secondary TWW at concentrations up to 0.1 µg/L (Verlicchi et al., 
2012). In a soil environment, Zaranyika et al. (2015) found that doxycycline sorbed to sediment, but 
also degraded in both the aqueous and sorbed phases.  
 
Each of the two sulfonamide antibiotics has been detected in untreated urban wastewater (Verlicchi 
et al., 2012) and the aquatic environment (Kümmerer, 2009). Wilkinson et al. (2019) found that 
sulfamethoxazole had the tenth highest mean concentrations in TWW and the 12th highest mean 
concentration in surface water worldwide, among the analyzed pharmaceutical compounds. In 
addition to common usage of sulfamethoxazole in human medicine, both sulfamethoxazole and 
sulfadimidine are used in veterinary applications, beginning a pathway for them to reach 
environmental waters (Boxall et al., 2003). In wastewater treatment, both are biodegradable, with the 
best degradation rates obtained during activated sludge treatment (Pérez et al., 2005). However, 
antibiotics are generally not sufficiently removed with common wastewater treatment technologies 
and therefore a need for development of inexpensive technologies exists (Ahmed et al., 2015).  
 
MAR presents opportunities to inexpensively attenuate TrOCs, including antibiotics. Sulfamethoxazole 
has been studied in MAR, especially in the context of bank filtration. A >99% elimination rate was found 
under anoxic infiltration conditions, while the elimination rate was only 52% with seasonally oxic 
conditions (Heberer et al., 2008). However, Baumgarten et al. (2011) determined half-lives of 
sulfamethoxazole of up to 49 days, indicating that long flowpaths are needed to attenuate the 
compound. They also found that years of adaptation may be required before peak removal potential 
is reached. Degradation of the compound appears to be sensitive to redox conditions. Banzhaf et al. 
(2012) demonstrated that sulfamethoxazole is degraded when nitrate-reducing conditions are 
present. Some degradation reactions are reversible, dependent on the redox state (Rodriguez-Escales 
and Sanchez-Vila, 2016). Degradation of sulfamethoxazole has been enhanced in a MAR system by 
adding a compost (organic-rich) layer to the bottom of the infiltration basin (Valhondo et al., 2014; 




Sulfadimidine is a common veterinary antibiotic used in raising livestock (Postigo and Barceló, 2015). 
In a study of water from wells impacted by agriculture in Idaho, USA, Batt et al. (2006) found 
sulfadimidine concentrations of up to 0.22 µg/L. In a study with both sulfamethoxazole and 
sulfadimidine present, the function and diversity of soil microbes was found to be affected (Gutiérrez 
et al., 2010). Sorption of sulfadimidine was found to be higher in soils with higher organic carbon 
content (Lertpaitoonpan et al., 2009). This suggests that sorption to the soil used in the present study 
should occur. Sorption can remove mass from the aqueous phase, but does not eliminate it from the 
water-soil system, unless degradation also occurs.  
 
Results from the soil column with sulfamethoxazole and sulfadimidine spiked in the inflow TWW and 
extraction of these antibiotics from the post-experiment soil are evaluated. The approach to evaluating 
the fate of the compounds (pore water sampling, extraction from post-experiment soil, and mass 
balance) follows the approach used for the non-antibiotic pharmaceuticals.  
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2 Nitrogen cycling and redox conditions 
The following sections present the methods for and results of the study of nitrogen cycling and redox 
conditions. Appendix A contains additional figures.  
 
2.1 Materials and methods 
2.1.1 Soil and inflow water 
The experimental soil is classified as a rendzina soil (Zvorykin and Saul, 1948) and was obtained from 
non-agricultural grassland approximately 12 km northeast of Athens, Greece, immediately west of the 
Dimosio Dasos Rapentosas wildlife refuge, at a possible future MAR site. Disturbed soil samples were 
collected over two days and packaged in plastic-coated aluminum bags.  
 
The soil size fractions were determined by wet sieving with sedimentation analysis of grains smaller 
than 0.063 mm (Schlögl, 2016). The grain size distribution is 1.3% clay, 22.8% silt, and 75.9% combined 
sand and gravel. The soil contains 2.57% ± 0.01% organic carbon and 0.221% ± 0.002% nitrogen based 
on three subsets of milled soil, decantated with hydrochloric acid and analyzed with an Elementar CNS 
analyzer (analysis conducted externally: University of Tübingen, Hydrogeochemistry Workgroup). The 
solid density of the soil was determined to be 2.667 g/cm3 using a Micromeritics AccuPyc II 1340 helium 
pycnometer. 
 
Secondary TWW was collected at least once per week from a municipal wastewater treatment plant 
in Darmstadt, Germany, and used as inflow water in the column experiments. The water was collected 
in pre-rinsed 15-L or 25-L gray-tinted glass jugs. In the TWW, nitrate averaged 1.96 mg(N)/L and 
dissolved organic carbon averaged 7.3 mg(C)/L (Table 2-1). The analytical methods are described in 
Chapter 2.1.4. 
 
The following DON concentrations were measured in the inflow water for Column II: 2.1 ± 0.2 mg/L 
(3rd wetting), 1.4 ± 0.2 mg/L (5th wetting), and 1.5 ± 0.2 mg/L (8th wetting). The low (1.4 mg/L) and high 
(2.1 mg/L) are taken to indicate the range of DON concentrations for the purpose of calculating the 
mass of DON infiltrated over the course of the short-term experiment (section 3.2.5). These DON 




A subset of 16 samples of the inflow TWW were measured for dissolved organic carbon. Samples were 
filtered (0.45 μm) immediately after collection, acidified with hydrochloric acid to a pH of ~2, and 
measured within four weeks after sample collection with a Shimadzu TOC V elemental analyzer. 
 
Table 2-1. Composition and variation of the inflow TWW. The summarized data reflect samples collected for 
the long-term experiment. 







Min 1.07 0.02 2.7 
Mean 1.96 0.17 7.3 
Median 1.74 0.11 6.6 
Max 4.36 0.76 14 
n 35 35 16 
 
 
2.1.2 Column experiments and sampling 
Particles larger than 10 mm were removed with a sieve and the soil was mixed in a large container to 
promote homogeneity. The columns were packed with soil by first placing a ca. 2 cm layer of quartz 
sand (Dorfner GmbH, Hirschau, Germany) in the bottom of each column and then pumping treated 
wastewater (i.e. normal inflow water) from below as soil was filled from above. The volume of TWW 
added was measured to determine total porosity. The level of the added soil was kept slightly above 
the rising water table to avoid density-based separation (e.g. of organic and inorganic particles) and 
the soil was periodically stirred with a stainless-steel rod to promote uniformity. Soil was added to 
about 7 cm below the top of the column (5 cm below the bottom of the lid), leaving headspace for 
water to pond before infiltrating into the soil. 
 
The experimental columns consisted of an acrylic glass pipe (length: 1 m, inner diameter: 0.19 m) 
connected to a lid and base plate, also made out of acrylic glass. Inflow water was stored in a 15-L glass 
jug, pumped out via polytetrafluoroethylene (PTFE) tubing, through a peristaltic pump using a short 
(~20 cm) section of Tygon® tubing, and to the column through another section of PTFE tubing and a 
stainless-steel threaded connector. Flow was from the top of the column downward, in order to 
conduct infiltration with wetting and drying cycles in a similar manner to field applications. The outflow 
was collected in a bucket, which was weighed empty and full to obtain the volume of water (assumed 




Cycles were typically three to four days of wetting and three to four days of drying. During the 16th 
wetting period in the short-term experiment, a tracer test lasting 15 days was conducted. The hydraulic 
loading was approximately 7 cm/d in the long-term experiment and 3.5 cm/d in the short-term 
experiment, due to differences in hydraulic conductivity, resulting in the exchange of 1-2 pore volumes 
during each wetting phase. The long-term experiment lasted 615 days and the short-term experiment 
140.5 days. A schematic of the columns is presented in Figure 2-1 and a photograph of one of the 
columns (Column II) is shown in Figure 2-2. Construction of the sampling ports is illustrated in Figure 




CA = Column A, CB = Column B, CC = Column C (Chapters 3 and 4).  
 




Depths of sampling ports below 
the soil surface: 
 
CI: 27 and 72 cm 
CII: 5, 15, 30, 45, 60 and 75 cm 
CA, CB and CC (chapters 4 and 5): 










Holes in the 





mesh in the 
finished 
sampling port  
 
Figure 2-3. Sampling port construction 
 
Sampling at the end of wetting phases was conducted by first taking a sample from the uppermost 
port and then proceeding downward, in the direction of the water flow. In this way, samples were 
collected with as little disruption as possible to the flow velocity at the time of sampling at each port. 
Samples were collected in polypropylene or high-density polyethylene sample bottles. Measurement 
of pH was done using a WTW Multi 340i meter and pH electrode, immediately following sample 
collection. 
 
In order to obtain samples of water present in the pore space at the end of the drying phases, a method 
called “first flush” sampling was developed. The premise of the first flush sampling is that residual pore 
water is carried near the top of the rising water table during the filling of the columns. While water 
was pumped into the columns, samples were collected as soon as water began to flow out of each 
sampling port, starting with the lowest sampling port (75 cm) and working upwards as the water table 
rose. All ports were opened beforehand and samples were taken as soon as the first flush of water 
came out of the ports. The focus of first flush sampling was on nitrogen species, which are sensitive to 
changes in oxidation-reduction conditions. To evaluate the impact of mixing of pore water (the water 
targeted for sampling) with inflow water, the composition of the inflow water was also measured. 
Further, during one first flush sampling event, sodium bromide salt was added to the inflow water and 
the bromide ion used as a tracer for the portion of inflow water sampled. The background 
concentration of bromide in the soil columns is low (usually less than 1.5 mg/L). The bromide ion was 
measured in all samples using ion chromatography. The bromide concentration found in each sample 
then allowed estimation of how much inflow water was sampled and therefore how much of the 





2.1.3 Oxygen and oxidation reduction potential 
To monitor conditions related to nitrification and denitrification, oxygen concentrations were 
measured with a Presens oxygen sensing system from GmbH (Regensburg, Germany). Sensor spots 
(type PS3t, detection limit 0.001 mg/L) were fixed to the inside of the column walls at depths below 
the soil surface of 0, 2, 7, 12, 19.5, 27, 42, 57, and 72 cm on Column I (concentration-depth profiles 
collected) and 15 cm on Column II (time series collected). Oxygen concentrations were read using a 
fiber-optic cable connected to a Presens Fibox3 control unit.  
 
In the short-term experiment, ORP was measured using an in-situ probe (similar to the probe used by 
Vorenhout et al. (2004)) custom made by Paleo Terra (Amsterdam, the Netherlands) and a QIS 
(Oosterhout, the Netherlands) QM710X reference electrode (3.0 Molar KCl saturated with AgCl). 
Measurement of ORP was done in order to have a continuous indication of the oxidation-reduction 
state of the soil, through all parts of the wetting and drying cycles. The in-situ probe consists of 
platinum sensors at five depths. The reference electrode was placed in the uppermost part of the soil, 
where it serves as a reference for any one of the five platinum tip sensors. The platinum sensors and 
reference electrode were connected to a Campbell Scientific CR800 data logger, which made voltage 
measurements for each platinum sensor. The voltage measurements were adjusted to values of a 
standard hydrogen electrode by adding 212 mV to each measurement and are then referred to as Eh. 
 
2.1.4 Ions and total bound nitrogen 
Water samples were measured for nitrate, bromide, and acetate with an 882 Compact IC plus – Anion 
(carbonate eluent) and for ammonium with a Metrohm 882 Compact IC plus – Cation (dicarboxylic acid 
and nitric acid eluent) (both devices from Metrohm, Herisau, Switzerland). Samples were diluted prior 
to measurement, resulting in detection limits of approximately 0.025 mg/L for nitrate, 0.1 mg/L for 
acetate and 0.05 mg/L for ammonium. Acetate was measured along with inorganic anions (Krata et al., 
2009) after calibrating with an acetate standard solution (Carl Roth, Karlsruhe, Germany).  
 
The mass of ions passing each sampling location over the duration of the experiments is calculated 
from the ion concentrations and measured flow volume. The calculations were performed using 
trapezoidal numerical integration of all available data points. The width of each trapezoid 
corresponded to the elapsed flow volume between the sampling events and the upper slope of each 
trapezoid connected the concentrations from consecutive sampling events. The areas of all trapezoids 
were summed to obtain total mass. 
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Selected samples of inflow water were measured for total bound nitrogen (tNb) using the U.S. 
Geological Survey alkaline persulfate digestion method (Patton and Kryskalla, 2003), adapted for 
measurement of nitrate by ion chromatography as follows: 2 mL of each sample was combined with a 
solution of potassium persulfate in potassium hydroxide and then heated in a closed vessel for 1 hour 
at 148°C. Afterwards, the samples were allowed to cool to room temperature. Then, they were diluted 
30 times and nitrate was measured by ion chromatography. The digestion reagent contained nitrogen, 
so triplicate reagent blanks were carried through the entire process to correct the results for reagent 
nitrogen. Standards of urea (organic nitrogen) were also carried through the process. 
 
2.1.5 Isotopes 
Samples were kept frozen prior to isotope analysis. Subsamples were used for measurement of 
isotopes in ammonium and nitrate. Analysis of samples for isotopes was done by an external 
laboratory: Helmholtz Centre for Environmental Research - UFZ, Department of Catchment Hydrology.  
 
Samples for δ15N analysis of ammonium were prepared based on a modified Kjeldahl method that is 
suitable for sample volumes smaller than 50 mL. Pure sulfuric acid (0.05 N) was added to 50 mL aliquots 
of the water samples upon defrosting to preserve ammonium. After adjusting alkaline conditions by 
adding 32% NaOH solution and bromothymol blue for visual pH control, sample ammonium was 
transferred to a trapping flask containing 0.05N H2SO4 by distillation for 30 minutes. Any trapping liquid 
was evaporated in a sand bath at 80°C. The solid residue was homogenized and weighed for 
combustion in an elemental analyzer (vario isotope cube, Elementar) connected to an isotope ratio 
mass spectrometer (IsoPrime100).  
 
Measurement of stable isotopes of nitrate (δ15N and δ18O) was conducted on 0.2 micron filtered 
(sterile cellulose acetate membranes) with 10 mL aliquots of the original defrosted samples. Stable 
isotope ratios were measured on a GasbenchII/delta V plus combination (Thermo) using the denitrifier 
method for simultaneous determination of δ15N and δ18O in the measuring gas N2O, produced by 
controlled reduction of sample nitrate (Sigman et al., 2001; Casciotti et al., 2002; McIlvin and Casciotti, 
2011).  
 
Apparent enrichment factors (ε) of nitrate were calculated from results of the inflow and a sample 
collected from depth in the soil by solving  
δ = δ0 + ε∙ln(C/C0)                (1) 
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for ε, where δ is the measured isotopic ratio at depth, δ0 is the measured isotopic ratio in the inflow 
water, C is the nitrate concentration at depth, and C0 is the nitrate concentration in the inflow water.  
Samples of the inflow TWW were measured for tNb concentration and isotopes. With results for tNb 
and DIN, DON concentrations were calculated by difference:  
CDON = CtNb – CDIN                (2) 
δ15N-DON is calculated by mass balance: 
δ15N-DON = (δ15N-tNb * CtNb - δ15N-NO3 * CNO3) / CDON                                         (3) 
Samples were prepared for tNb isotope measurements by first evaporating the water at 60°C in a sand 
bath to a volume of 15 to 20 mL, which was then placed in a concentrator (Eppendorf Concentrator 
5301) until only solid remained. As for isotope analysis of NH4, aliquots of the homogenized solid were 
then combusted in an elemental analyzer (vario isotope cube, Elementar) connected to an isotope ratio 
mass spectrometer (IsoPrime100). Some samples were measured after longer storage time (frozen at 
20°C, ca. 5-12 months after collection) and more solid material appeared stuck to the walls of the HDPE 
sample bottles, resulting in lower solid yields. Results from these samples are discarded and only 
results from samples frozen for a short time (less than 9 weeks) before analysis are reported. For these 
samples, no precipitate or material stuck to the sample bottle was visible. 
 
Samples for measurement of δ15N in the original soil were milled to a grain size of <100 µm. 
Approximately 30 mg of milled soil was combusted in an elemental analyzer (vario isotope cube, 
Elementar) connected to an isotope ratio mass spectrometer (IsoPrime100). 
 
Nitrogen and oxygen isotope results are reported in delta notation (δ15N, δ18O) as part per thousand 
(‰) deviation relative to the standards AIR for nitrogen and VSMOW for oxygen (Equation 1), where 
R is the ratio of the heavy to light isotopes (e.g. 15N/14N; 18O/16O). 
δX (‰) = [(Rsample - Rstandard) / Rstandard] × 1000                                        (4) 
The standard deviation of the nitrogen isotope analysis of nitrate, ammonium and tNb is ± 0.4 ‰. 
Oxygen isotope analysis of nitrate is conducted with a precision of better than ± 1.6 ‰. For calibration 
of nitrogen and oxygen isotope values of nitrate samples, the reference nitrates IAEA-N3 (δ15N: +4.7 
‰ AIR; δ18O: +25.6 ‰ VSMOW) USGS32 (δ15N: +180 ‰ AIR; δ18O: +25.7 ‰ VSMOW), USGS 34 (δ15N: 
-1.8 ‰ AIR; δ18O: -27.9 ‰ VSMOW), and USGS 35 (δ15N: +2.7 ‰ AIR; δ18O: +57.5 ‰ VSMOW) were 
used. Calibration of ammonium and tNb isotope values was based on the standards USGS 25              




2.1.6 Batch sorption experiments  
Batch experiments were conducted with post-experiment soil from Column A (see Chapter 3), in which 
continuous infiltration was conducted for 495 days. Soil from a column with continuous infiltration was 
chosen to first characterize sorption on a sample of the soil affected only by processes occurring during 
infiltration. The sample was collected in the range of 5 to 15 cm depth and stirred wet to promote 
homogeneity. The soil was then frozen and later freeze-dried to prevent microbial activity. Grains 
larger than 2 mm were discarded. Then, two subsamples each consisting of approximately 3 g, 8 g, 20 
g, and 42 g soil were weighed, with the exact mass recorded for use in calculating the water-to-
sediment ratios.  
 
Aqueous solutions were mixed by adding NaCl, KCl, MgCl2, CaCl2, and NH4Br (Solution B only) to 
deionized water (18 MOhm). The compositions of these solutions and the mean composition of the 
TWW are shown Table 2-2. Solution A contained a very low concentration of ammonium in order to 
test for desorption of NH4+. To test for new sorption of NH4+, NH4Br was added to Solution B. The 
remaining cations except for calcium were present in Solutions A and B at similar concentrations as in 
the TWW. In the case of calcium, it is assumed that equilibration between the water and the calcite in 
the soil initially increases the calcium concentration in any occurrence of water-soil contact, whether 
a column or batch experiment.  
 
Table 2-2. Composition of a representative sample of TWW and batch experiment aqueous solutions, in 
mmol/L.   
 Na+ K+ Mg2+ Ca2+ NH4+ Cl- Br- NO3- SO42- pH 
Representative 
TWW sample  
4.92 0.58 0.67 1.95 0.01 4.87 <0.02 0.12 0.88 7.35 
Solution A 4.63 0.55 0.82 0.63 0.02 6.09 0.01 0.00 0.00 8.17 
Solution B 4.63 0.55 0.83 0.63 0.66 6.09 0.66 0.00 0.00 8.17 
The representative TWW sample was infiltrated in Column A beginning on Day 76 of that experiment. 
Solutions A and B: pH from PHREEQC (Parkhurst and Appelo, 1999) simulations, assuming all missing 
charge was from HCO3-. 
 
2.2 Results and discussion 
Results of the long-term experiment (Column I) are presented and discussed to characterize 
ammonium concentrations and some aspects of redox conditions during the wetting and drying cycles. 
Results of the short-term experiment (Column II) are then presented, first establishing relevant redox 
conditions and then moving to ammonium concentrations and stable isotopes in nitrogen species. 
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Total porosity values of 0.45 and 0.44 were determined from the volume of TWW pumped in while 
filling Columns I and II, respectively. Based on the measured soil solid density of 2.667 g/cm3, a bulk 
density of 1.5 g/cm3 was calculated for each column. 
 
2.2.1 Wetting periods 
Oxygen concentrations at the beginning of a selected wetting period in the long-term experiment are 
shown in Figure 2-4. Oxygen concentrations decreased to (near) zero in only 2-8 hours after starting 
wetting periods in the depth range of 2-12 cm, allowing conditions to become more reducing. It is 
presumed that depletion of oxygen occurred over a similar time period during other wetting periods.  
 
 






































Figure 2-5. Ammonium nitrogen concentrations measured during the long-term experiment relative to the EU 
























Ammonium concentrations rose in the beginning of the experiment, peaking at 6.68 mg of nitrogen 
per liter [mg(N)/L] after 17 days at 72 cm depth and at 3.13 mg(N)/L after 66 days at 27 cm depth 
(Figure 2-5). Concentrations were above the EU Water Framework Directive limit for the first ~100 
days in samples from 27 cm depth and the first ~360 days in samples from 72 cm depth. Ammonium 
concentrations plotted against cumulative flow volume, used for trapezoidal integration to calculate 
the mass, are shown in Table 2-3. The resulting ammonium nitrogen masses of 0.41 g passing 27 cm 
depth and 1.2 g passing 72 cm depth are shown on Figure 2-5. The end-of-wetting sampling of Column 
I shows that if TWW were infiltrated through this soil in a field MAR scheme, it would send a plume of 
ammonium to the aquifer.  
 






passing 27 cm depth 
Ammonium nitrogen 
[mg(N)/L]  
passing 72 cm depth 
0 0 0 
34 n.a. 0.6 
47 n.a. 1.6 
60 n.a. 3.4 
72 1.0 6.7 
88 0.8 4.9 
110 1.4 5.4 
126 1.4 3.8 
153 1.6 3.8 
173 3.1 1.8 
191 1.2 3.0 
208 1.2 3.0 
224 n.a. 2.0 
233 1.2 2.3 
247 0.4 2.2 
259 0.3 1.9 
271 0.5 1.4 
282 0.3 1.6 
294 0.3 1.3 
311 0.3 1.1 
321 0.2 1.1 
330 0.3 1.2 
343 0.3 1.1 
352 0.4 1.3 
360 0.3 1.1 
364 0.3 1.1 
371 0.3 1.1 








passing 27 cm depth 
Ammonium nitrogen 
[mg(N)/L]  
passing 72 cm depth 
392 0.5 1.1 
435 0.4 1.0 
450 0.5 1.3 
461 0.4 0.8 
471 0.4 1.1 
479 0.8 1.1 
487 0.2 0.7 
503 0.3 0.6 
511 0.2 0.8 
519 0.1 0.7 
527 0.1 0.7 
536 0.1 0.7 
544 0.1 0.7 
551 0.1 0.6 
569 0.1 0.6 
587 0.1 0.5 
603 0.1 0.4 
620 0.1 0.3 
695 0.1 0.3 
723 0.2 0.3 
732 0.1 0.3 
742 0.1 0.3 




n.a. = not analyzed  
 
2.2.2 Drying periods 
Samples collected using the first flush technique contain a mixture of inflow water and pore water, in 
its condition at the end of the drying period. To observe the proportion of inflow water in the collected 
samples, sodium bromide was added to the inflow water for first flush sampling conducted at the end 
of the 13th drying period (bromide C0 = 11.5 mg/L, with background concentrations from the end of 
the previous wetting period < 0.5 mg/L). Analyzed concentrations of the soil pore water samples 
compared to the inflow water showed bromide C/C0 of 0.49 (2 cm depth), 0.45 (7 cm), 0.23 (27 cm), 
0.18 (57 cm) and 0.29 (72 cm). Based on these results, it is presumed that all first flush samples contain 
some pore water, likely a portion ≥~0.7 at 27 cm and greater depths. This pore water is thought to 
have been mobilized along the infiltration flow path to the sampling port.  
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Concentrations of nitrate in first flush and end of wetting samples from a selected portion of the 
experiment are shown in Figure 2-6. Concentrations of nitrate rose substantially during the drying 
periods, as the pore water-inflow water mixture contained higher concentrations of nitrate than the 
inflow water in most cases, except for 72 cm depth. The highest concentrations of nitrate were found 
in samples from 27 cm depth. At 72 cm depth, oxygen concentrations were near or below detection 
limits and nitrate concentrations in the first flush samples were 0.15 mg(N)/L or lower (except for Day 
136, 1.1 mg(N)/L). Based on the higher nitrate concentrations at depths other than 72 cm, it appears 
likely that nitrification of ammonium occurred during the drying periods, as was reported by Miller et 
al. (2006) and Hernández-Martínez et al. (2016).  
 
 
Figure 2-6. Nitrate nitrogen concentrations measured during end of wetting and first flush (end of drying 





Figure 2-7. Ammonium nitrogen concentrations measured during end of wetting and first flush (end of drying 
periods) sampling during a selected portion of the long-term experiment 
 
At depths between 12 and 42 cm, oxygen concentrations at the end of the wetting periods increased 
slightly through time (Figure 2-8). This may indicate depletion of labile organic carbon (i.e. BDOC) from 
the soil and/or residual TWW, such that less anaerobic respiration occurred in successively later drying 
periods. Although the pore water in the first flush samples could have originated anywhere from the 
soil surface down to the respective sampling port, at 27 cm depth, elevated concentrations of 
ammonium during the wetting periods coincide with replenishment of oxygen during the drying 
periods (Figure 2-8), providing both mass of ammonium and potential for nitrification. Below about 50 
cm, the soil remained water saturated during the drying periods, resulting in near-zero oxygen 
concentrations. Decreases in concentration of ammonium in the first flush samples (Figure 2-7), 
compared to the previous wetting period, were observed fairly consistently at 57 cm depth, but they 
do not correspond in magnitude to the increases in nitrate concentration. At 72 cm depth, first flush 
ammonium concentrations were higher than during the wetting periods. However, the column 
remained close to saturation here during the drying periods, so possibly ammonium may have 
continued to form with stagnant water present in the pore space. At other depths, first flush 
concentrations were similar to those measured in samples from the end of wetting periods. The lack 
of a clear trend toward lower ammonium concentrations in first flush samples could be due to variation 
in the inflow water ammonium concentration and/or possible desorption of ammonium as 




Figure 2-8. Oxygen concentrations decreased with depth in the soil at the end of drying periods in the long-
term experiment. 
 
Overall, the long-term experiment (Column I) showed that ammonium concentrations rise during 
infiltration of treated wastewater through the experimental soil and that some ammonium may be 
nitrified during drying periods. The following sections present the short-term experiment (Column II), 
in which nitrogen cycling was investigated in more detail by collecting ORP, acetate and stable isotope 
data.   
 
2.2.3 Oxygen and oxidation reduction potential  
ORP measurements illustrate a clear difference in redox condition between the wetting and drying 
periods (Figure 2-9). During wetting phases, Eh reached approximately -200 mV at all depths. This Eh 
is similar to that found by Dhondt et al. (2003) during autumn and winter, a time period for which they 
show that DNRA was responsible for at least some nitrate reduction. In the present study, reducing 
conditions were present everywhere in the soil during wetting periods. During drying phases, Eh 
recovered to ~400 mV in the upper part of the soil, while remaining essentially unchanged from 45 cm 
downward. The soil remained water saturated during the drying periods from ~50 cm depth 
downward. Beginning on day 104, a tracer test was conducted, with a wetting length of 15 days, 
resulting in an extended time period with Eh around -200 mV at all depths. 
 
The maximum Eh reached during drying periods at 15 cm depth was low through the 11th drying (~Day 
75) and then was substantially higher during the following drying periods. A similar trend was observed 
in oxygen concentrations, which are shown in Figure 2-10. The increase in oxygen concentration and 
 
25 
Eh in later wetting periods may have resulted from depletion of the system of labile organic carbon 
(e.g. acetate), so that less anaerobic respiration occurred. Oxygen concentrations generally increased 
beginning at 0.5 – 0.75 days after drainage began. Drying periods lasted about 2.6 days.  
 
 
Figure 2-9. Oxidation reduction potential in Column II 
 
 




With the oxidizing conditions in the upper part of the soil, the potential for nitrification of ammonium 
was present. The interpretation that ammonium is nitrified during drying periods is also consistent 
with the higher nitrate concentrations found during first flush sampling (Chapter 2.2.2). In studies 
infiltrating TWW in which ammonium was the dominant form of inorganic nitrogen, some ammonium 
is nitrified during drying periods and then denitrified during wetting periods, with retention of 
ammonium in the soil appearing to play a role (Miller et al., 2006; Hernández-Martínez et al., 2016).   
 
2.2.4 Acetate 
Acetate is a form of labile organic carbon. It can be formed in soils by anaerobic decomposition of a 
variety of plant substances (Acharya, 1935), which the experimental soil contained in the form of 
fragments of roots and plant stems. While acetate is commonly produced through fermentation of 
more complex forms of organic matter, it can then act as an electron donor in denitrification (Paul and 
Beauchamp, 1989) or DNRA (van den Berg et al., 2017). Acetate concentrations were highest in the 
beginning of the experiment and at depth in the soil (Figure 2-11).  
 
In considering possible sources of the ammonium, it has been shown that with higher labile organic 
carbon to nitrate ratios, nitrate reduction is driven from denitrification toward DNRA (Buresh and 
Patrick, 1978; Yin et al., 2002; Yoon et al., 2015). Jørgensen (1989) found that denitrification occurred 
close to the soil surface but that nitrate reduction switched to DNRA with increasing depth, in as little 
as 1 cm from the soil surface. Based on the occurrence of high acetate concentrations, the conditions 
needed for DNRA may have been present in the earlier stages of the experiment and at greater depths 
in the soil. Van den Berg et al. (2016) showed that at acetate to nitrate molar ratios of ~1 and higher, 
DNRA occurred (to some extent concurrently with denitrification) in activated sludge taken from a 
wastewater treatment plant. In the short-term experiment, acetate and nitrate were both above 
detection limits in many samples from 15 cm and 30 cm depth, particularly early in the experiment. In 
these samples, the acetate to nitrate molar ratio was always 8 or higher, indicating the presence of 
conditions under which DNRA occurs.   
 
A local peak in acetate concentrations is seen in the fourth sampling event, which was performed at 
the end of a wetting phase in which the flow rate was lowered due to technical problems with column 
operation. The slower water flow results in longer contact time for the water with the soil, which might 









Ammonium concentrations in the short-term experiment rose to as high as 13.94 mg(N)/L (Figure 
2-12). The pattern over time was similar to Column I, with concentrations peaking after 38 days at 30 
cm depth and 52 days at 75 cm depth, although a less pronounced second peak is seen at some depths. 
Ammonium was present in the beginning at all measured depths, but then generally decreased 
progressively over time with depth. Results from the fourth sampling event (24 days) were slightly 
higher than in the fifth sampling event, showing a local peak. The local peak in ammonium 
concentrations seen in the fourth sampling (24 days) may be due to the flow conditions described in 
the previous section. Ammonium concentrations plotted against cumulative flow volume are shown 
in Appendix A. 
 
The short-term experiment (Column II) lasted for 140.5 days, during which a total of 113 L of TWW was 
infiltrated. Based on the flow volume at sampling times and ammonium nitrogen concentrations 
shown in Table 2-4, 0.54 g(N) of ammonium was observed in the water at 30 cm depth and 0.78 g(N) 
at 75 cm depth. A total of 0.26 g(N) of nitrate was infiltrated. Compared to the 0.78 g(N) of ammonium 
at 75 cm depth, not enough nitrate was infiltrated to account for all of the mass of ammonium 
observed. If inflow DON remained in the range of 1.4 to 2.1 mg/L over the duration of the experiment, 
the mass of DON infiltrated was in the range of 0.16 to 0.24 g(N), which is also not enough to account 
for all of the ammonium formed. Further, when the infiltrated masses of nitrate and assumed DON are 
summed, a total of 0.38 to 0.50 g(N) was infiltrated, compared to 0.78 g(N) of ammonium observed at 




Figure 2-12. Ammonium nitrogen concentrations in pore water samples over the course of the short-term 
experiment 
 
Table 2-4. Ammonium concentration relative to cumulative flow volume in Column II  
Flow volume (L) Ammonium nitrogen 
[mg(N)/L] 
30 cm depth 
Ammonium nitrogen 
[mg(N)/L] 
75 cm depth 
0 0 0 
15 3.4 3.8 
27 2.6 5.0 
36 3.5 5.8 
39 6.3 8.0 
48 3.2 6.5 
55 8.6 8.5 
61 5.4 11.2 
65 6.9 13.9 
70 5.5 13.0 
74 4.7 7.9 
79 4.5 5.9 
83 7.5 6.9 
87 8.2 10.5 
88 6.2 12.6 
92 5.4 10.7 
109 5.8 6.0 








Another possible source of the ammonium is the soil. The soil contained 0.2% nitrogen by mass. 32,446 
g of soil were added to the column to a depth of 88 cm. Of this mass, 85% (75 cm / 88 cm) is assumed 
to lay between 0 cm and 75 cm depth. Therefore, 27,652 g of soil was present between 0 cm and 75 
cm depth, of which 0.2% was nitrogen, equivalent to 55 g. As the total mass of infiltrated nitrogen 
appears to be less than the mass of ammonium, it is likely that soil nitrogen was a source for at least 
some of the ammonium.  
 
In Column I, with the higher flow rate, only 0.33 g(N) of ammonium was observed at 72 cm depth 
through a flow volume of 110 L (37.7 days), the total flow volume through Column II. However, 
comparing equal time intervals, 0.83 g(N) of ammonium was observed through 140.7 days in Column 
I (311 L of cumulative flow, almost three times the flow volume through Column II for the same amount 
of time), which is close to the 0.78 g(N) of ammonium at 75 cm depth in Column II (140.5 days). More 
ammonium was observed in Column II at 30 cm depth (0.54 g) than in Column I at 27 cm depth (0.78 
g) over the duration of the Column I experiment, but ammonium concentration remained high (5.4 – 
7.3 mg(N)/L) in the last three sampling events in Column II. This comparison suggests that if the 
experiment in Column II had been continued, the mass of ammonium observed passing 27 cm depth 
could have equaled that observed in Column I. Thus, it appears that longer reaction time allows for 
more ammonium formation and that time, rather than flow volume, appears to have been the more 
critical factor in how much mass of ammonium formed. Thus, in addition to the mass balance, the 
similarity of the temporal pattern suggests that the soil was a prominent source of the ammonium 
because if the main source of the ammonium were in the TWW, flow rate should have had an influence 
on how much ammonium forms. 
 
2.2.6 Stable isotopes in nitrate 
Most samples were measured for stable isotopes of oxygen (18O) and nitrogen (15N) in nitrate. Results 
of δ15N-NO3 and δ18O-NO3 for all samples from 0 to 15 cm depth are shown in Figure 2-13. Samples 
from 5 cm depth are more enriched overall in 15N and 18O than the inflow (0 cm depth), and samples 
from 15 cm depth are overall more enriched in the heavy isotopes than the samples from 5 cm depth.  
 
Results for individual sampling events are shown in Appendix A and consistently show enrichment of 
15N and 18O at 5 cm depth relative to the 0 cm sample for the respective wetting period (with the 
exception of 15N in the 13th wetting period). Where isotopes were detected in samples from 15 cm 
depth, in most cases these also show enrichment relative to the 5 cm sample from the same wetting 
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period. Overall, these observations are consistent with studies using dual isotopes that clearly show 
the occurrence of denitrification (e.g., Böttcher et al., 1990; Mengis et al., 1999).  
 
 
Figure 2-13. Dual isotope plot of 15N and 18O in all samples analyzed over the course of the experiment 
 
The δ15N versus natural log-normalized nitrate concentration (Appendix A, Figures A-4, A-5, A-10, A-12 
and A-19) plots linearly  between 0 cm and 15 cm depth in five sampling events (out of nine sampling 
events with isotope detection at all three depths). Such a linear relationship can result from 
denitrification (Mariotti et al., 1981). In some other cases the slope becomes shallower with either the 
15 cm or 30 cm sample; this might be a result of nitrate reduction switching (partially) to DNRA, but 
knowledge of isotopic fractionation during DNRA is limited. 
 
In general, enrichment of 15N and 18O is apparent in the data, but when all of the data points are viewed 
together as in Figure 2-13, considerable variation from the linear relationship that is expected for 
denitrification is seen. This is partly a result of variable isotopic composition of the inflow TWW. In the 
soil pore water samples, multiple processes (e.g. denitrification and DNRA) could have occurred 
simultaneously in different microenvironments, resulting in interfering isotopic signals.  
 
Viewing individual sampling events (Appendix A, Figures A-1a – A-19a; stable isotopes were not 
measured in samples from the 11th, 16th, 17th and 18th wetting periods), the dual isotope results mostly 
show enrichment of both N and O between 0 and 15 cm depth. However, in samples from the 13th 
wetting period, nitrate became depleted in 15N. This could be a result of process variation in different 



























slope changes with the 15 cm sample (6th, 9th and 15th wetting periods) or the 30 cm sample (5th wetting 
period), it is possible that by these depths, nitrate reduction had (partially) switched from 
denitrification to DNRA. Rayleigh enrichment factors (ε) for 15N were calculated based on the inflow 
and 5 cm depth samples (Appendix A, Figures A1c – A19c). The result from the 15 cm sample fit on this 
curve in some cases (e.g. 4th wetting) but fell below it in many other cases. This could be a result of 
concurrent denitrification and DNRA.   
 
Enrichment factors based on the concenteration-15N relationship resulting from denitrification 
typically range from about −11 to −33 ‰, with lower absolute values likely being associated with faster 
reaction rates (Mariotti et al., 1982). Overall, the mean apparent enrichment factor based on the 0 and 
5 cm samples and Equation 1 was −7.2 ‰ but with considerable variation between wetting periods 
(Figure A-1). These values overall do not seem to be consistent with denitrification as a single 
enrichment process. Dhondt et al. (2003) found a nitrate 15N enrichment factor of −6.2‰ that likely 
was influenced by DNRA as a competing process with denitrification. In the soil-TWW system, it may 
also be that denitrification and DNRA were competing nitrate reduction processes, with variation in 
apparent enrichment factors due to relative predominance of one process over the other.  
 
Chen and Macquarrie (2005) evaluated nitrate dual isotope data in six studies in which denitrification 
likely occurred, finding 18O to 15N fractionation ratios in the range of 0.48 to 0.67, while Carrey et al. 
(2014) found a ratio of 0.93. In the present study, the slope of dual isotope plots for individual wetting 
periods (Figure 2-14) is outside of this range for a substantial number of wetting periods. Higher 
enrichment of O relative to N is seen in the earlier wetting periods, when the higher acetate 
concentrations were present, a factor which is thought to drive nitrate reduction toward DNRA. In a 
column study with lake sediments, DNRA was inferred to have occurred in the early stages of 
infiltration (Carrey et al., 2014). The lower fractionation ratios from the 5th wetting onward (except for 
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In some samples from 30 cm and deeper, nitrate concentration was sufficient to detect isotopic ratios. 
In these cases, δ15N-NO3 became lighter with depth (Appendix A) and in some cases lighter than the 
inflow (2nd, 4th and 19th wetting phases). Samples from 30 cm and greater depth collected during the 
2nd and 19th wetting periods also contained high δ18O values (above 40 ‰). Aerobic respiration 
resulting in even small changes in oxygen concentration can cause a substantial increase of δ18O in 
remaining oxygen (Aggarwal et al., 1997). The increase in the heavier oxygen isotope 18O is a kinetic 
effect, similar to the increase in 15N during denitrification (Knöller et al., 2011). Thus, the observed high 
δ18O values in samples from 30 cm and greater depth during these two wetting periods suggest that 
microbial activity was also present in the deeper portion of the soil.   
 
The lower δ15N-NO3 values suggests the presence of an additional, isotopically lighter nitrogen source 
contributing to the nitrate pool. A lighter nitrogen source that was present is ammonium (Section 
2.2.7). The isotopically lighter nitrate-nitrogen provides an indication, in addition to the first flush 
sampling results (Section 2.2.2), that nitrification of ammonium occurred during the drying periods. 
The fact that this lighter nitrate-nitrogen is only (with the exception of the 13th wetting) found at 
greater depths (30 cm and deeper) is consistent with the interpretation that it formed during the 
previous drying period and then was flushed downward during the next wetting period, at the end of 
which sampling was conducted.  
 
2.2.7 Stable isotopes in ammonium and its possible origin 
Stable isotopes of ammonium and its possible sources are shown in Figure 2-15. δ15N-NH4+ is similar to 
δ15N-Soil, although in most samples the ammonium is isotopically somewhat heavier than the soil 
nitrogen. Because of the similarity, the soil nitrogen is a likely source of at least some of the 
ammonium. Most of the δ15N-NH4+ values are higher than the δ15N-soil value, which is likely an effect 
of nitrification during the drying periods and/or DNRA during the wetting periods. Nitrification would 
result in isotopically lighter nitrate-nitrogen, leaving isotopically heavier ammonium-nitrogen behind 
in the portion of ammonium that remained at the end of the drying periods. DNRA would convert 
nitrogen from the isotopically heavier nitrate (Figure 2-15) to ammonium. With the soil as a main 
source of the ammonium, it is likely that the δ15N-NH4+ values are increased from the value of the δ15N-
soil through a combination of both DNRA (wetting periods) and nitrification (drying periods). While 
nitrate is a possible source for some of the ammonium, DON in the inflow water appears to be 




At 30 cm depth, δ15N-NH4+ rose in the beginning to a maximum of 10.3‰ on Day 17, then declined 
thereafter. As ammonium may be retarded in the soil, the peak on Day 17 may be an additional 
indication that ammonium formed from an isotopically heavier source (nitrate) in the early stages of 
infiltration, with this source becoming less important over time. The high concentrations of acetate in 
the early stages of the experiment (Figure 2-11) provided a labile carbon source that has been shown 
to drive the nitrate reduction system toward DNRA (van den Berg et al., 2016). 
 
 
Figure 2-15. δ15N in ammonium in comparison to δ15N in the soil nitrogen, inflow water nitrate and inflow 
water DON 
 
2.2.8 Sorption of ammonium 
Batch experiments with post-experiment soil and two different aqueous solutions (one with 
ammonium spiked, the other unspiked) resulted in the sorbed and desorbed concentrations shown in 
Figure 2-16. On this graph, sorbed ammonium is represented by positive values on the vertical axis and 
desorbed ammonium by negative values. In the unspiked starting solution, ammonium concentration 
was very low (0.32 mg(N)/L), as was the case with the TWW used as inflow in the column experiments. 
In these batch experiments, ammonium concentrations were higher in the final solution after shaking, 
indicating that ammonium had desorbed. Furthermore, these results indicate that ammonium sorbed 





























having a higher valence than ammonium, which tends to result in calcium having a higher affinity to a 
solid exchanger than ammonium (Appelo and Postma, 2005). However, some layered silicate minerals 
show a preference for ammonium over calcium, and soil organic matter may also play a role in sorption 
(Okamura and Wada, 1984). Sorption of ammonium in the presence of variable calcium concentrations 
was also found in a study of clay-rich (8.5% and 32%) agricultural soils, with a preference for 
ammonium over calcium (Agbenin and Modisaemang, 2015). In the present study, results from the 
eight samples plot linearly, with a y-axis intercept of -17 mg/kg, indicating that 17 mg of ammonium-
N per kg of soil was sorbed. The -17 mg/kg of sorbed ammonium was subtracted from the 
concentrations shown in Figure 2-16 in order to plot a linear isotherm (Figure 2-17). The slope of the 
isotherm gives a linear sorption coefficient (Kd) of 3.14 kg/L.  
 
 




Figure 2-17. Sorption isotherm for ammonium nitrogen from the batch experiment with post-experiment soil 
from Column A 
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The aqueous solution used contained cations in concentrations representative of the TWW, except for 
ammonium (spiked series) and calcium (Table 2-2). With the desorption that occurred in the unspiked 
samples and the spiked ammonium, the isotherm covers the concentration range of approximately 2 
- 8 mg/L of ammonium nitrogen. In the column experiments, ammonium concentration reached a 
maximum of 6.7 in Column I and 13.9 in Column II.  The concentration range of the isotherm is 
therefore representative of pore water ammonium-nitrogen concentrations (> 2 mg/L). The calcium 
concentration in the starting solution was lower than in the TWW sample. However, calcium 
concentrations increased after shaking in all batch samples to concentrations ranging from 1.28 
mmol/L (3.17 g of soil) to 2.89 mmol/L (41.35 g of soil), which are higher than the concentration in the 
TWW.   
 
Assuming comparability of these batch sorption experiments with the Column I and Column II 
experiments operated with wetting and drying cycles, the linear isotherm shows that ammonium sorbs 
to the soil under the infiltration conditions. Retardation of ammonium during transport, through 
sorption and desorption, is therefore a likely process affecting the temporal pattern of observed 
ammonium concentrations. The peak ammonium concentrations observed at greater depths (e.g. 72 
cm in Column I and 75 cm in Column II) therefore suggests that the peak of ammonium production 
occurred sometime before the peak concentrations.  
 
Applying the Kd value to the Column II experiment, the retardation factor (Rf) of ammonium during 
transport can be calculated: 
Rf = 1 + ρsKd(1-n)/n                    (5) 
where ρs is the solid density of the soil and n is the porosity. Application of the Kd value assumes that 
sorption was reversible, i.e. desorption also occurred in equilibrium with the water concentration. 
 
Using the porosity (0.44) determined while filling Column II and the solid density (2.667 g/cm3), a 
retardation factor of 12 results. Assuming that the Kd is representative for the duration of the Column 
II experiment, the retardation factor means that ammonium traveled at 1/12th of the water seepage 
velocity. It is therefore likely that much of the ammonium formed early in the experiment and that the 
observed peaks came later as a result of retardation during transport. However, the occurrence of 
secondary peaks at 30 and 75 cm depth in the time range of Days 87 – 94 (Figure 2-12) suggests that 




3 Fate of non-antibiotic pharmaceuticals 
The following sections present the methods for and results of the fate of non-antibiotic 
pharmaceuticals under three different infiltration conditions. Tables B-1 and B-2, documenting all 
extraction replicates and the complete mass balance, respectively, are provided in Appendix B.  
 
3.1 Materials and methods  
 
3.1.1 Soil and inflow water   
The soil (described in Chapter 2.1.1) contains pristine (not decayed) organic matter originating from 
plants, which may help degrade TrOCs (Lim et al., 2008). The inflow water for the experiments was 
secondary TWW, as described in Chapter 2.1.1. Total dissolved organic carbon (DOC) concentration 
(including the BDOC and non-biodegradable fractions) averaged 7.3 mg/L (Chapter 2.1.1) and ranged 
from 2.7 to 14 mg/L based on a subset of 16 samples, which were filtered (0.45 μm) immediately after 
collection, acidified with hydrochloric acid to a pH of ~2 and measured within four weeks after sample 
collection on a Shimadzu TOC V elemental analyzer.  
 
Infiltration of water with higher organic matter concentrations may increase biomass in the upper ~30 
cm of soil (Rauch-Williams and Drewes, 2006) or specifically promote biofilm growth (Zhao et al., 2009; 
Vidal-Gavilan et al., 2014), which could lead to increased sorption of the pharmaceuticals (Dobor et al., 
2012). Infiltration water with lower BDOC tends to lead to increased degradation of TrOCs such as 
pharmaceuticals, as bacteria are starved of more favorable carbon sources (Rauch-Williams et al., 
2010; Hoppe-Jones et al., 2012; Alidina et al., 2014b).  
 
Carbamazepine (1.3 ± 0.2 μg/L), diclofenac (5.3 ± 1.0 μg/L), gemfibrozil (0.2 ± 0.2 μg/L) and naproxen 
(0.2 ± 0.2 μg/L) were consistently detected in the TWW. Worldwide, maximum concentrations 
between ~5 and 20 μg/L have been reported for these four compounds in secondary effluent (Verlicchi 
et al., 2012). To better see changes in concentration and for better comparison, these compounds plus 
fenoprofen were spiked with 20 μg/L, resulting in relatively high but occurring concentrations. The 
antibiotics doxycycline, sulfadimidine and sulfamethoxazole are each found in untreated wastewater 
(Verlicchi et al., 2012) as well as in the aquatic environment (Kümmerer, 2009). Sulfamethoxazole and 
doxycycline are also found in TWW and present medium or higher environmental risk (Verlicchi et al., 
2012). To create one inflow solution with elevated concentrations of these environmentally occurring 
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compounds to investigate the influence of higher concentrations on the fate of other compounds, they 
were also spiked in the inflow water for one of the columns. The compounds carbamazepine, 
diclofenac sodium salt, fenoprofen calcium salt hydrate, gemfibrozil, naproxen, as well as the 
antibiotics doxycycline, sulfadimidine and sulfamethoxazole were purchased from Sigma Aldrich 
(Germany); all were of analytical grade. The log octanol-water coefficients (Kow), solubilities in water 
and acid dissociation constants (pKa) of the compounds are shown in Table 3-1. The pharmaceuticals 
diclofenac, fenoprofen, gemfibrozil and naproxen occur predominantly as anions at a pH of 7.  
 
Table 3-1. Properties of the non-antibiotic pharmaceutical compounds investigated in this study 
Compound Chemical 
formula 
log Kowa Water solubility 
at 25°Cb (mg/L)  
pKa 
Carbamazepine C15H12N2O (2.25); 2.45 (Dal 
Pozzo et al., 
1989) 
17.7 13.9 (Jones et 
al., 2002) 
Diclofenac C14H11Cl2NO2 (4.02); 4.51 
(Avdeef et al., 
1998) 
4.5 4.2 (Jones et al., 
2002) 3.99 
(Avdeef et al., 
1998) 
Fenoprofen C15H15O3 3.90 30.1  4.5c 
Gemfibrozil C15H22O3 4.77 5.0 4.4c 
Naproxen C14H14O3 (3.10); 3.18 
(Jones et al., 
2002) 
145 4.2 (Jones et al., 
2002) 
afirst value listed is calculated value from EPI SUITE, KOWWIN v1.68 (US EPA, 2012); bcalculated value 
from WSKOW v1.41 (US EPA, 2012), using the log Kow value that does not appear in parentheses; cdata 
from www.drugbank.ca, accessed 12 March 2018 
 
 
3.1.2 Column experiments, sampling and monitoring  
The three soil columns are referred to as Column A, Column B and Column C. Column A was run with 
continuous infiltration and Columns B and C with wetting and drying cycles (typically 3-4 days wetting 
followed by 3-4 days drying). Soil was filled in the columns as described in Chapter 2.1.2. The column 
construction is shown in Figure 2-1; sampling ports were located at depths of 12, 27 and 72 cm below 
the soil surface. Column A was packed with soil on 8 November 2014 and the soil was unpacked on 17 
March 2016, for a total of 495 days of continuous infiltration. Columns B and C were packed on 28 
November 2014 and the soil was unpacked on 13 March 2016, for a total of 471 experimental days 
consisting of wetting and drying cycles. The column experiments were conducted at a constant 
ambient temperature of 21 °C. The column sides were wrapped with aluminum foil to prevent ambient 
light from entering the system. 
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The columns consisted of an acrylic glass pipe (length: 1 m, inner diameter: 0.19 m) connected to a lid 
and base plate, also made out of acrylic glass. Inflow water was stored in glass jugs and pumped into 
the column as described in Chapter 2.1.2. The hydraulic loading was approximately 7 cm/d. During 
drying phases, the soil remained (near) saturation below approximately 50 cm depth, as no 
supplemental suction was applied at the column outlet. At the beginning of each wetting phase and 
during the initial filling of the continuous column, an air valve in the column lid was left open to allow 
gas to escape as air left the pore space. The column outflow tubing extended from the bottom of the 
column upwards to above the top of the soil column (Figure 2-1), thus promoting saturated conditions 
as the filling process progressed.  
 
Sampling ports consisted of a stainless-steel screen (30 μm pore size) wrapped around perforated 3 
mm inner diameter PTFE tubing connected via a glass connector to 6 mm inner diameter PTFE tubing. 
The sampling ports were passed through the columns through drilled and threaded holes in the column 
walls, using PTFE tape between the column wall and a stainless-steel threaded connector. At the outer 
end of the 6 mm PTFE tubing, a two-way valve made of polyvinylidene fluoride was attached, which 
was left closed except when samples were collected. After opening each valve, sample collection began 
after ~3 mL of uncollected water emerged from the port. 
 
Table 3-2 shows the experimental stages for each column. The Column A experiment (495 days) lasted 
slightly longer than the Columns B and C experiments (471 days). The Columns B and C experiments 
were intended to begin only a few days after Column A, but technical problems with column 
construction delayed the start. Spiking of the pharmaceuticals began approximately two months after 
all three experiments were running. The beginning of spiking was done on the same calendar day for 
all columns due to practical reasons involving the sampling and analysis schedule. Methanol (MeOH) 
was added to the inflow water for 95 days in Columns A and B and 133 days in in Column C. The slightly 
longer duration in Column C was to check for any changes in experimental parameters compared to 
Column B as the system recovered. On one occasion during the pre-spiking period, a sample was 
collected from the column outflow. The flowpath to the outflow is through an additional ~15 cm of 
experimental soil and a ~2 cm layer of quartz sand. The outflow connector is stainless steel and the 
sample flowed through PTFE tubing to a glass collection jug (pre-rinsed with acid and deionized water). 
 
Immediately after the experiments were ended, soil for triplicate extraction samples was collected 
from an ~2 cm interval at the depth of each sampling port. Column A and B received inflow TWW 
spiked with only the non-antibiotic compounds, while the TWW for Column C was additionally spiked 
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Table 3-2. Overview of experimental stages 
 Column A Column B Column C 

















MeOH added to 
inflow 
Day 156 – 251  




Day 136 – 231 




Day 136 – 269 





with the antibiotics doxycycline, sulfadimidine and sulfamethoxazole. The relatively long time period 
of the experiments was chosen to better capture processes over a timescale appropriate for MAR 
applications. Further, compared to single compounds in isolation, the presence of a mixture of 
compounds is expected to result in longer degradation half-lives for many compounds, including 
naproxen and gemfibrozil (Monteiro and Boxall, 2009; Dodgen and Zheng, 2016). Longer degradation 
half-lives have also been reported for cambisol soils (Kodešová et al., 2016), which are similar in terms 
of poor soil development to the rendzina soil used in this study.  
 
During an initial two-to-three-month acclimation period (Table 3-2), unspiked TWW was infiltrated. 
Greater degradation of several TrOCs following a 2-3 month acclimation period, compared to 1.5-3 
weeks, has been reported (Maeng et al., 2011a; Hoppe-Jones et al., 2012). Since the TWW contains 
background concentrations of most of the spiked compounds, this initial period served as an 
opportunity for the microbial community to adapt to the conditions, before concentrations of the 
studied compounds were increased. 
 
After the initial acclimation period, the concentrations of the target pharmaceuticals were spiked in 
the inflow water through the end of the experiments. Concentrated supplement solutions of the non-
antibiotic pharmaceuticals in milli-Q water were prepared; dissolution was aided by stirring and/or 
placing the solutions in a sonic bath. The supplement solutions were added (up to 3 mL of solution per 
1 L of TWW) to each jug of TWW immediately before first use. For 95 days for Columns A and B and 
133 Days for Column C (Table 3-2), the pharmaceutical spiking solutions were created by dissolving the 
needed mass of substance in a mixture of MeOH and milli-Q water (ca. 50%-50%), of which 1 mL was 
added to 1 L of TWW. This resulted in an additional ca. 150 mg/L of BDOC (some of which could have 
been degraded in the inflow, with lower concentrations when the water reached the sediment), which 
 
40 
may promote higher microbial populations (Vidal-Gavilan et al., 2014). However, the higher BDOC 
concentrations could reduce degradation of the pharmaceuticals (Hoppe-Jones et al., 2012), especially 
in the upper ~30 cm of soil where BDOC may be mostly degraded (Rauch-Williams and Drewes, 2006). 
The three antibiotics were added to a separate milli-Q water solution, which was added to the inflow 
water for Column C only. Actual concentrations of the pharmaceuticals in the soil column inflow water 
may vary from the target concentration of 20 μg/L due to varying concentrations already in the TWW, 
the possibility of degradation in the inflow water before it was sampled and the possibility of 
incomplete dissolution and mixing of the spiking solutions.  
 
Sampling ports were located at depths of 12, 27 and 72 cm below the soil surface. The ports were 
constructed from inert materials, namely PTFE and stainless steel. Samples were collected at the end 
of selected wetting phases from Columns B and C and concurrently from Column A. Samples were 
collected in 125 mL or 250 mL glass bottles and refrigerated (5 °C) within minutes. Samples were 
shipped overnight to the analytical laboratory and analyzed within seven days. A separate sample (10 
mL) was collected and pH was measured with a WTW electrode and meter. 
 
ORP was measured in Column B using an in-situ probe, similar to that used by Vorenhout et al. (2004) 
and manufactured by Paleo Terra (Amsterdam, the Netherlands), and a QIS (Oosterhout, the 
Netherlands) reference electrode (3.0 Molar KCl saturated with AgCl). The in-situ probe consists of 
platinum sensors at depths of 2, 7, 12, 42 and 72 cm below the soil surface. The reference electrode 
was placed in the uppermost part of the soil. The platinum sensors and reference electrode were 
connected to a Campbell Scientific CR800 data logger. Voltage measurements were made every 30 
minutes and adjusted to values of a standard hydrogen electrode by adding 212 mV to each 
measurement (Franson, 1992) to calculate Eh.  
 
 
3.1.3 Pressurized liquid extraction  
At the conclusion of the experiments, soil from the columns was unpacked. Samples were taken from 
horizontal zones approximately 2 cm thick at the depth of the sampling ports, wrapped in aluminum 
foil and plastic bags, and frozen. Later, the samples were thawed, mixed thoroughly and a sub-sample 
of approximately 100 g was selected, re-frozen, freeze-dried, sieved to 2 mm and smaller (removing 
inorganic clasts only), and then milled. Triplicate samples were selected from the milled sample. A 




Replicate samples from Column A at 12 cm depth as well as Column C at 12 and 72 cm depths 
(hereafter referred to as A-12, C-12 and C-72, respectively) were spiked with pharmaceuticals 
(approximately 0.20 μg/g) in order to test the extraction recovery. These samples were chosen to 
obtain variation in sample depth and infiltration mode. A spiking solution was prepared with the target 
pharmaceuticals added at concentrations of 0.50 μg/mL in acetone (Carl Roth, ≥99.5%). 15 g of soil 
sample was weighed in a small glass beaker (pre-rinsed with acetone), 6 mL of spiking solution was 
pipetted into the beaker, 3 mL of unspiked acetone also pipetted and then the mixture of sample and 
acetone was stirred thoroughly for several minutes. The samples were then aged for 7-8 days before 
extraction. 
 
A number of studies using pressurized liquid extraction of pharmaceutical compounds have shown that 
mixing water (or acidified water) with a polar organic solvent results in good recoveries (Nieto et al., 
2010; Runnqvist et al., 2010). Nieto et al. (2007) extracted carbamazepine, diclofenac and naproxen 
(among 11 compounds total) from sewage sludge samples using different combinations of solvents, 
comparing water versus acidic water combined with MeOH, with the best recoveries found using a 
mixture (1:1) of 50 mM H3PO4 and MeOH (recoveries of 71% and better for the compounds analyzed 
in the current study). Kinney et al. (2006) extracted carbamazepine, gemfibrozil and sulfamethoxazole 
(among other compounds) from soil samples using a 3:7 ratio of water to acetonitrile. Radjenović et 
al. (2009) extracted 31 pharmaceuticals from sewage sludge samples with a mixture of water and 
MeOH, in ratios of 1:1, 2:1 and 1:2 as well as pure MeOH. Gemfibrozil was recovered better with an 
excess of MeOH, while the remaining compounds that are also analyzed in the present study were 
recovered better with an excess of water. Most compounds were recovered better at a temperature 
of 100 ⁰C, except for gemfibrozil which was recovered better at 75 °C (Radjenović et al., 2009). Further, 
recovery of gemfibrozil has been shown to decrease with temperatures above 60 °C (Barron et al., 
2008). 
 
Based on the above studies, the two solvents chosen were 50 mM ortho-phosphoric acid and MeOH. 
50% H3PO4 (extra pure) and LC-MS-grade MeOH (ROTISOLV, ≥99.95%) were purchased from Carl Roth 
(Germany). The phosphoric acid was diluted with Milli-Q water to 50 mM. The extraction was 
performed with a Dionex Accelerated Solvent Extractor 300 in three stages. First, a solution of 7:3 
H3PO4:MeOH was used at 60 °C, to target the most polar compounds. Second, a solution of 3:7 
H3PO4:MeOH was used at 60 °C, to target gemfibrozil. Third, following the second step which should 
extract gemfibrozil well, the temperature was increased to 100 °C and the same solvent as in the first 
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step was used, to extract as much as possible of any remaining compounds. Following each cycle, the 
cell was rinsed with 100% of the cell volume and purged with nitrogen gas for two minutes. 
 
For the pressurized liquid extraction, 4.0 g of milled soil was mixed with quartz sand (pre-rinsed with 
acetone followed by ultrapure water) to expose as many surfaces of the soil as possible and filled into 
a stainless steel cell (volume ca. 33 mL) with additional quartz sand at the top and bottom and glass 
fiber filters at the ends. These conditions, combined with the parameters described above, resulted in 
extracts of ~140 mL for all three cycles combined.  
 
The extracts were condensed and refrigerated prior to analysis. For the analysis of diclofenac, 
fenoprofen, gemfibrozil and naproxen, solid phase extraction (SPE) was utilized. With extracts 
containing a mixture of MeOH and water, the MeOH content of the samples had to be reduced to 
obtain effective SPE recovery. The mass of soil extracted and the method detection limits allowed for 
dilution of the samples with water. However, Nieto et al. (2007) diluted samples to a MeOH content 
of 4-8% before using SPE but found unsatisfactory recoveries (less than 10%) using this method (these 
authors then used an analysis method that did not require SPE for remaining samples). Therefore, to 
further reduce the MeOH content of the samples in the current study, the extracts were evaporated 
within minutes following completion of the extraction: the total extract volume was placed in an open 
glass beaker (pre-rinsed with acetone) and placed in a 55 ⁰C water bath, with a fan increasing airflow 
over the top of the samples. In this manner, the samples were evaporated to volumes of ca. 86 mL for 
spiked post-experiment soil samples and ca. 75 mL for all other samples. The evaporation was 
performed under a fume hood with minimal exposure to ambient light. In addition to reducing the 
total sample volume, MeOH was expected to evaporate preferentially. To confirm this, test samples of 
MeOH in deionized water were evaporated to different volumes and analyzed on an elemental carbon 
analyzer (Elementar LiquiTOC II), with the results indicating that for the sample volumes stated and 
the dilutions performed, the MeOH content should be <0.5%. 
 
 
3.1.4 Analysis of pharmaceutical and dissolved ionic compounds  
Analysis of samples for pharmaceutical compounds was done by an external laboratory: IWW Water 
Centre, Department of Water Quality. The acidic pharmaceuticals diclofenac, fenoprofen, gemfibrozil 
and naproxen were analyzed using an Agilent 6890 gas chromatograph with an Agilent 5973 mass 
spectrometry detector following SPE at a pH of 2, elution and derivatization (Deutsches Institut für 
Normung, 2003). Quantification was performed by internal calibration using 4-chlorobenzoic acid as 
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an internal standard. SPE was performed using Biotage ENV+ Isolute 200mg, 3 mL (line 205) cartridges. 
Prior to SPE, samples from the column experiments were diluted by factors ranging from 20x to 500x. 
Carbamazepine, doxycycline, sulfadimidine and sulfamethoxazole were analyzed using a Waters UPLC 
Acquity H Class, Xevo TQ-S liquid chromatograph with tandem mass spectrometry detection via direct 
injection of an aliquot of the sample. Quantification was done by standard addition. Within each 
sample series blank control as well as quality control samples were measured. The detection limits for 
undiluted samples were between 0.01 and 0.05 μg/L and the precision between 12 and 15% for the 
non-antibiotic compounds (Table 3-3). Precision for each compound was determined from analyses of 
drinking water.  
 
For analysis of the extraction samples, the entire sample volume was used in order to quantify all 
extracted mass. The condensed extract was poured into a dilution flask, then the sample bottle was 
rinsed with milli-Q water and this water was also poured into the dilution flask, to transfer all of the 
condensed extract. Extracts of the spiked post-experiment samples were diluted to a total volume of 
1606 mL. Extracts of all other samples were diluted to a total volume of 1011 mL. SPE was performed 
with 1 L of the diluted sample. 
 






Carbamazepine 0.01 12  
Diclofenac 0.01 15  
Fenoprofen 0.02 12  
Gemfibrozil 0.02 15  
Naproxen 0.01 15  
Doxycycline 0.05 49  
Sulfadimidine 0.01 12  
Sulfamethoxazole 0.01 17  
 
During the column experiments, samples were collected and measured for ions, total iron and total 
manganese. For measurement of common anions and cations, samples were filtered immediately after 
collection through 0.45 μm filters and then measured with the Metrohm (Herisau, Switzerland) devices 
882 Compact IC plus – Anion and 882 Compact IC plus – Cation. Samples were diluted 5x, resulting in 
detection limits for nitrate of approximately 1 mg/L. Samples for total iron and total manganese were 
acidified to a pH of ~2 with hydrochloric acid immediately after collection and then measured with a 
contrAA 300 atomic absorption spectrometer (AAS) (Analytik Jena, Jena, Germany).  
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3.1.5 Mass balance  
3.1.5.1 Pre-spiking mass 
During the initial phase of the experiments, the inflow water was not spiked and was sampled three 
times. The mass of each pharmaceutical infiltrated during this period was calculated as the mean of 
the three measurements times the flow volume from the first water infiltrated to when spiking of the 
pharmaceuticals began. During the pre-spiking period, one sample per column was collected from the 
column outflow. The results from these outflow samples (one per column) were used to estimate the 
minimum amount of pre-spiking mass passing the sampling ports.  
 
Some uncertainty in the fate of mass from the pre-spiking period exists because no samples from the 
ports were analyzed. For compounds for which the pre-spiking mass was greater than 1% of the total 
mass infiltrated, the attenuated mass and inferred degraded mass were calculated in two scenarios: 
1) assuming that all pre-spiking mass passed each port in the water phase and 2) assuming that a 
minimum amount of pre-spiking mass passed each port in the water phase, with the minimum amount 
based on the concentration measured in a sample collected from the column outflow (approximately 
90 cm below the soil surface). To calculate this minimum mass passing, it is assumed that the 
concentration at the outflow increased linearly from the beginning of infiltration (concentration of 
zero) until when spiking began. The sampled concentration was used to calculate the slope of the 
above line and from that the estimated mass.  
 
3.1.5.2 Numerical integration for mass passing each sampling point 
To obtain the mass passing each sampling point in the water phase, results from the column 
experiments sampling were tabulated relative to cumulative outflow volume and the area under each 
data series calculated using trapezoidal numerical integration. To propagate measurement variability 
through the integration and the following data evaluation, the calculation was performed 
stochastically. For each sampling result, a value was chosen randomly from a normal distribution 
defined by the concentration and the relative standard deviation in Table 3-3. Between each two 
sampling results, another concentration value was included in the stochastic calculation. This value 
was allowed to vary randomly within a defined range, to include uncertainty in concentrations at times 
when no sampling was performed. Following mass calculation for each sampling point, the mass 
attenuated from the water phase was calculated for each sampling depth by subtracting the mass 
passing the respective depth from the mass infiltrated. Accumulated uncertainties were propagated 
as follows:  
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δMi = (δMi,a2 + δMi,b2)1/2                   (6) 
where δMi is the accumulated uncertainty in mass of compound i, δMi,a is the uncertainty from the 
stochastic calculation at sampling point a and δMi,b is uncertainty at sampling point b.  
 
To obtain the water-phase mass of each pharmaceutical compound at the sampling locations, the 
concentration versus flow volume data series were integrated by trapezoidal numerical integration. In 
order to propagate measurement variability through this step, stochastic calculation was performed: 
each sampling result was represented by a random value from a normal distribution based on the 
concentration result and the relative standard deviation in Table 3-3. Stochastic calculation was 
performed 10,000 times (10k) and then 20,000 times (20k). The mean and standard deviation from the 
10k set of calculations were compared to the 20k calculations, to ensure that the calculated mass and 
standard deviation were the same to at least one decimal place with milligram units. The following 
paragraphs describe cases in which assumptions were made to enable calculation and comparison of 
results. 
 
Samples were collected seven times during the spiking phase of the experiment, but not immediately 
at the beginning or the very end. Numerical treatment of concentration values at the flow volumes of 
the beginning of spiking and end of the experiments at each sampling point was as follows: 
• The inflow concentration when spiking began is assumed to be the inflow concentration from 
the first spiking-period sampling, allowing random normally distributed variation based on the 
relative standard deviation in Table 3-3. 
• Concentrations in the soil pore water (i.e. all sampling ports) when spiking began are 
constrained by the range between the pre-spiking outflow and pre-spiking inflow 
concentrations, with the range extending one standard deviation below the outflow 
concentration and one standard deviation above the pre-spiking inflow concentration. 
Concentrations were varied randomly within this range.  
• The inflow concentration at the end of the experiments is constrained by the last two inflow 
sample concentrations. The concentration was varied randomly within the range of one 
standard deviation below the lower value to one standard deviation above the higher value. 
• Concentration in the soil pore water at the end of the experiments is assumed to be the same 
as the last sampling result. A random value was chosen from a normal distribution based on 




The inflow and sampling ports A-72 cm, B-12 cm and B-72 cm were each sampled seven times. For the 
remaining sampling ports, only six concentration results are available. To apply equal numerical 
treatment, a concentration value was assigned randomly, for each missing data point and each 
stochastic iteration, within a range defined based on available data as follows:  
• Concentrations are not available for the first sampling round for Column C. The concentration 
values at this time were constrained between the pre-spiking outflow concentration minus 
one standard deviation and the first available sample results from Column C (second sampling 
round) plus one standard deviation. Concentrations are not available for the first sampling 
round for the sampling ports A-27 cm and B-27 cm. The concentration values at the 
corresponding flow volume were constrained by the results from the sampling ports at 12 cm 
(in all cases the higher concentration) and 72 cm depth, with the range extending from one 
standard deviation below the 72 cm result to one standard deviation above the 12 cm result.  
• Concentrations are not available for the fourth sampling round for the sampling port A-12 cm. 
The concentration values at this flow volume were constrained by the inflow concentration 
and the results from the A-27 cm sampling port, with the range extending from one standard 
deviation below the lower value (A-27 cm) to one standard deviation above the higher value 
(inflow). 
The data points and values assigned as described above (where concentration results are lacking) are 
hereafter referred to as core values. To assess the impact of uncertainty in concentrations between 
the core values, seven interpolated values were calculated for each sampling location and stochastic 
iteration. First, a random flow volume was chosen between each of seven pairs of successive flow 
volumes corresponding to the eight data points. Then, a concentration value was chosen randomly 
from the interval of one standard deviation below the minimum value to one standard deviation above 
the maximum value. Each pair of concentration value and flow volume was used in the stochastic mass 
calculation (trapezoidal integration), in addition to the core values, to allow for the possibility that 
concentrations changed at unknown flow volumes in between the sampling events. No interpolated 
value was calculated between the last sampling (eighth core value) and the concentration value 
assigned for the end of the experiments. 
 
3.1.5.3 Calculation of cumulative sorbed mass 
After the experiments were ended, soil samples were collected from the same three depths as the 
sampling ports and extractions were performed to determine sorbed concentrations. Mass sorbed to 
the soil was calculated from results of the extraction samples. Concentrations measured in the samples 
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were multiplied by the total volume after dilution to obtain the mass recovered. Then, relative 
recoveries were calculated: 
Ri = (ms - mus) ∙ 100% / M                (7) 
where Ri is the relative recovery of compound i, ms is the measured mass from the spiked sample, mus 
is the measured mass from the unspiked sample and M denotes the spiked mass determined by 
laboratory balance measurement. All recoveries were determined from the mean of triplicate 
measurements of spiked samples and of the unspiked post-experiment soil.  
 
The total sorbed concentration for each sample and compound was calculated as follows (units 
resulting from each step in parentheses): the concentration results of each liquid sample were 
multiplied by the total volume after dilution (μg/sample), divided by the 4-g mass of solid sample used 
in the extraction (μg/g) and scaled for extraction efficiency by dividing by Ri (no change to units), the 
mean recovery per compound of the three spiked post-experiment soil samples. The total sorbed 
concentration (mean of available replicates) was then assumed to be the sorbed concentration 
everywhere within a soil cylinder: the uppermost cylinder (12 cm soil sample) begins at the soil surface 
and extends to 19.5 cm (halfway between the upper two sampling ports), the middle cylinder (27 cm 
soil sample) extends from there down to 49.5 cm (halfway between the 2nd and 3rd sampling ports) and 
the lower cylinder (72 cm soil sample) extends from this boundary down to 72 cm (depth of the 3rd 
sampling port). The mass sorbed in each cylinder is calculated as the product of the following 
parameters: total sorbed concentration for the respective sample, soil solid density, porosity and 
respective cylinder volume. The cumulative mass sorbed at each sampling port depth is then calculated 
by summing the mass sorbed in each block and then multiplying by the portion of the block that is 
above the sampling port depth. Accumulated error was calculated as the standard deviation of all 
replicates, propagated through each step of the calculations.  
 
3.1.5.4 Fate of infiltrated pharmaceutical mass 
Where differences (outside the margin of propagated errors) exist between attenuated mass and 
sorbed mass, the remaining mass is inferred to have been degraded (likely in large part aided by 
microbial activity). Of the total mass of each compound infiltrated, the percent passing (in the water 





3.2 Results and discussion  
3.2.1 Column experiments  
Total porosity values of 0.41, 0.44 and 0.44 were determined from the volume of TWW pumped in 
while filling Columns A, B and C, respectively. Based on the measured soil solid density of 2.667 g/cm3, 
bulk density values of 1.6 g/cm3 (Column A) and 1.5 g/cm3 (Columns B and C) were calculated. Redox 
conditions in Column B varied in response to wetting and drying cycles, similarly to the conditions 
observed in Column II (Chapter 2.2.3). Figure 3-1 shows four drying and four wetting periods during 
the middle of the experiment, after conditions stabilized. Eh rose to values above 400 mV in the upper 
part of the soil (0-15 cm depth) during drying periods, while gradually dropping to values around -200 
mV during wetting phases. At 75 cm depth, Eh remained relatively constant, just below -200 mV. A 
long wetting period was conducted starting on Day 262, with Eh at all depths stabilizing below -210 
mV (the brief rise in values on Day 268 corresponds with collection of samples, which could have 
introduced oxygen to the system). The long wetting period is analogous to continuous infiltration and 
it is thus presumed that conditions in Column A were similar to those in Figure 3-1 from ~Day 270 
through 280, if not more reducing. Furthermore, it is presumed that Eh in Column C was similar to 
Column B, since both were operated with wetting and drying cycles. While MeOH was added to the 
column inflow water (Days 136 – 231), the minimum Eh values did not drop below the displayed 
minimum values (~-200 mV), but during drying periods, the maximum values were lower than the 
peaks seen in Figure 3-1.  
 
 
Figure 3-1. Oxidation reduction potential in Column B during the middle of the experiment 
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While ORP gives an indication of redox conditions, the concentrations of two electron acceptors, 
oxygen and nitrate, are commonly used to classify conditions as oxic or anoxic (oxygen) and aerobic or 
anaerobic (nitrate). Figure 2-4 and Figure 2-10 show that in Columns I and II, oxygen concentrations 
were close to zero during most of the wetting periods. Therefore, anoxic conditions are assumed for 
the wetting periods.  
 
Table 3-4 shows average nitrate concentrations from the second half of the experiments, after 
conditions had stabilized. Nitrate concentrations in Column A averaged 0.3 mg/L or less, suggesting 
that anaerobic conditions prevailed at all three depths sampled. Nitrate concentrations remained 
above 0.5 mg/L at 12 cm depth in Column B and through 27 cm depth in Column C, indicating that 
aerobic conditions were more prevalent. The prevalence of aerobic or anaerobic conditions is relevant 
in particular to the fate of diclofenac, which has been reported to degrade under nitrate reducing 
conditions (Zwiener and Frimmel, 2003; Rauch-Williams et al., 2010).  
 
Table 3-4. Average nitrate concentrations (mg/L) during the second half of the experiments 





(n = 18) 
0 cm 8.1 8.1 8.1 
12 cm 0.3 1.5 2.4 
27 cm 0.1 0.5 0.7 
72 cm 0.3 0.4 0.4 
 
 
Table 3-5 shows concentrations of the non-antibiotic pharmaceuticals in samples collected during the 
pre-spiking period. Samples of inflow water were collected on three different days during the pre-
spiking period. The entry in the “±” column is the standard deviation of the results of the three samples. 
Samples of the column outflow were collected on one occasion during the pre-spiking period of the 
experiments. An anticipated measurement error range could be calculated with the relative standard 
deviations in Table 3-3, but has not been as it would be small compared to measurement errors in later 
samples. Total pre-spiking flow volumes (beginning of the experiments until spiking began) were 412 
L, 179 L and 176 L for Columns A, B and C, respectively. Flow volume from the time sampling of the 
outflow was performed (Day 32 for Column A and Day 11 for Columns B and C) until spiking began was 
178 L, 134 L and 132 L for Columns A, B and C, respectively. These flow volumes were used for 




Table 3-5. Pre-spiking concentrations and mass 
 










Sampled concentration (µg/L) 
inflow 
(n=3)  
1.2 0.2 4.7 1.1 <0.02 
 





































Pre-spiking mass infiltrated (mg) 
Column A 0.51 0.06 1.9 0.5 -- 
 
0.043 0.047 0.052 0.041 
Column B 0.21 0.03 0.78 0.19 -- 
 
0.017 0.019 0.021 0.017 
Column C 0.21 0.03 0.78 0.18 -- 
 
0.017 0.019 0.021 0.017 
Minimum pre-spiking mass passing the sampling ports (mg) 






























-- = not calculated because compound below detection limit in corresponding sample(s) 
 
Figure 3-2 shows pharmaceutical concentrations at the sampling locations along the columns over time 
(cumulative infiltrated volume) after spiking began. Sample pH ranged from 6.9 to 7.4, suggesting that 
diclofenac, fenoprofen, gemfibrozil and naproxen were predominantly anionic (Table 3-1). 
Concentrations in general decreased with depth. In the following discussion of soil pore water 
concentrations, increasing concentrations at a specific depth over time are expected if sorption 
(retardation) occurred, while lower than inflow concentrations in the absence of increasing 
concentrations in time could be a result of degradation. 
 
Concentrations of carbamazepine increased gradually over time at 72 cm depth in all columns, a 
pattern that could indicate retarded breakthrough of the compound due to sorption. Complete 
breakthrough was achieved or almost achieved by the end of the experiment at 12 and 27 cm depth. 
Carbamazepine’s affinity to sorb is higher in soils with higher organic carbon content (Chefetz et al., 
2008; Walker et al., 2012) and other column studies have shown retarded breakthrough (Chefetz et 
al., 2008; Banzhaf et al., 2012). Considerable mass passed 72 cm depth over the duration of the 
experiments, with more mass remaining in the water in Column A (5.4 mg, see Table 3-6) compared to 
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Figure 3-2. Measured concentrations of the non-antibiotic pharmaceuticals 
 
In contrast to carbamazepine, naproxen concentrations do not show increasing trends over time. 
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events 1 through 4) and further to 38% or less of inflow concentrations in the 27 and 72 cm samples.  
Concentrations decreased more quickly with depth in Column A (38% or less of inflow concentrations 
in sampling events 1-5), where the Eh is presumed to have been around -200 mV or lower, compared 
to Column B (Figure 3-2), where Eh values around 500 mV were reached during drying periods (Figure 
3-1). The lack of concentration increases through time (except for sampling events 1-3 in Column B) 
together with decreases in concentration with depth indicate low retardation but high degradation of 
naproxen.  
 
The calculated mass passing the depth of each sampling port in the water during the spiking phase of 
the experiments, based on the sampling results presented in Figure 3-2 and using the trapezoidal 
numerical integration method, are shown in Table 3-6. The standard deviation of the set of results 
from the stochastic calculation is shown under “±”.  
 
Table 3-6. Mass passing each sampling location in the water phase during the spiking phase of the experiments.  
Sampling 
location 
Carbamazepine Diclofenac Fenoprofen Gemfibrozil Naproxen 
  ±  ±  ±  ±  ± 
 mg mg mg mg mg mg mg mg mg mg 
A0 15.0 0.7 19.5 1.2 9.2 0.5 18.3 1.2 9.2 0.9 
A12 11.8 0.5 16.1 1.1 3.9 0.6 10.9 0.7 1.9 0.7 
A27 10.6 0.4 14.4 0.9 3.4 0.2 8.6 0.7 0.56 0.06 
A72 5.4 0.3 11.4 0.7 3.8 0.3 6.1 0.4 0.29 0.02 
B0 12.2 0.6 15.3 0.9 7.1 0.5 15.0 1.1 6.5 0.7 
B12 9.3 0.4 10.2 0.7 3.8 0.4 9.9 0.7 2.9 0.3 
B27 7.1 0.4 6.1 0.5 2.9 0.4 6.9 0.4 1.6 0.2 
B72  2.5 0.2 4.0 0.5 2.8 0.3 3.9 0.2 0.40 0.03 
C0  10.9 0.4 12.0 0.7 6.5 0.4 12.0 0.5 6.8 0.7 
C12  8.6 0.4 8.2 0.7 5.2 0.4 9.3 0.5 4.3 0.5 
C27 4.9 0.2 4.5 0.5 3.3 0.4 5.1 0.4 1.0 0.1 
C72 2.7 0.2 4.0 0.5 2.9 0.4 4.2 0.3 0.45 0.04 
Sampling location is indicated in the format column-depth (e.g. A12 = Column A, 12 cm depth), where 
a depth of 0 denotes the inflow. 
 
While the concentration trends indicate sorption as the main attenuation mechanism for 
carbamazepine and degradation as the main mechanism for naproxen, the trends are less clear for 
diclofenac, fenoprofen and gemfibrozil (Figure 3-2). Concentrations of diclofenac increased over time 
at 72 cm depth through the sixth sampling event, when soil pore water concentrations reached inflow 
concentration in all three columns, suggesting sorption, although concentrations decreased in the last 
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sampling. In Column A, where Eh is presumed to have been around -200 mV, more mass of diclofenac 
remained in the water at 72 cm depth over the duration of the experiment compared to 
carbamazepine, while less diclofenac remained in the water at this depth in Columns B and C, where 
Eh fluctuated in response to wetting and drying cycles (Figure 3-1).  
 
Concentrations of fenoprofen and gemfibrozil in general show decreases with depth in all three 
columns (Figure 3-2). Some increases in concentration over time are visible, but limited to 3-4 
consecutive sampling events (e.g. fenoprofen and gemfibrozil at 72 cm in Column B, at the beginning 
of the experiment). This may indicate that some sorption occurred, but does not suggest sorption as 
the main attenuation mechanism. The mass of fenoprofen remaining in the water over the duration of 
the experiments appears similar at all depths in Columns A and B compared to the inflow 
concentration, while in Column C, there was clearly mass attenuated between 12 and 27 cm depths. 
Unlike fenoprofen, attenuation of gemfibrozil is apparent at all depths and all columns, except for 72 
cm depth in Column C. This suggests the attenuation of gemfibrozil occurred over at least the range of 
redox conditions seen in Figure 3-1. The mass remaining in the water at 72 cm depth over the duration 
of the experiments is similar for both compounds and all columns.  
 
Concentrations of the pharmaceuticals in the inflow water varied from the spiking target of 20 μg/L. 
Possible reasons include variations in the concentration in the unspiked TWW, degradation of the 
compounds while in the inflow jugs before the water was infiltrated and incomplete dissolution and 
mixing of the spiking solutions. Unspiked inflow water was sampled seven times (three times during 
the pre-spiking period and four times during the spiking period), with results shown in Table 3-7. While 
the concentrations in these seven samples of unaltered TWW varied somewhat, such variations do not 
appear to be large enough to explain the variation seen in the inflow samples in Figure 3-2. Fenoprofen 
is not shown in Table 3-7 because it was not detected in the inflow water samples.  
 
The remaining possibilities for the variation seen in the spiked inflow water are degradation of the 
spiked compounds and incomplete dissolution and/or mixing in the spiking solution. The compounds 
were added to a spiking solution in masses planned to result in spiking concentrations of 20 μg/L. 
However, if the compounds were not completely dissolved and/or mixed within the spiking solution, 
when the spiking solution was added to the TWW, in some cases too little of a compound would have 



















1 0 1.2 3.9 0.01* 0.05 
2 43 1.4 4.2 0.07 0.09 
3 94 1.1 5.9 0.23 0.24 
4 109 1.2 5.0 0.23 0.52 
5 131 1.4 6.8 0.29 0.43 
6 166 1.6 6.1 0.5* 0.25* 
7 201 1.5 5.5 0.15* 0.09 
 minimum 1.1 3.9 0.01* 0.05 
 mean 1.3 5.3 0.2 0.2 
 maximum 1.6 6.8 0.29 0.52 
* not detected, numerical value is half the detection limit 
 
To further evaluate the reason for and impact of concentration variation in the spiked inflow water on 
the mass balance, the mass calculated from the sampling concentrations (as listed in Table 3-6, 0 cm 
depth samples) is compared to the sum of the native TWW mass plus the intended spiked mass as 
follows:  
• A plausible range for the native TWW mass is calculated as the total infiltrated spiked inflow 
volume times the minimum concentration of each compound as well as the infiltrated 
volume times the maximum concentration of each compound in Table 3-7. 
• The intended spiked mass is calculated as the total infiltrated spiked volume times the 
planned spiking concentration of 20 μg/L. 
The results of this comparison are shown in Figure 3-3. In general, the calculated masses match or are 
similar to the expected masses for carbamazepine, diclofenac and gemfibrozil. This suggests that the 
masses calculated from the sampling results are more or less accurate over the duration of the 
experiments. In the case of fenoprofen and naproxen, less mass was calculated from the sampling 
results than is to be expected from the spiking method.  
 
As fenoprofen was not detected in the unspiked inflow water samples, it is plausible that it was readily 
degraded in the TWW. Although naproxen was detected in six of the seven unspiked samples, in 
general its concentrations were low (Figure 3-6) and it is also plausible that some of the spiked mass 
was degraded before sampling. As sampling was conducted at the end of the wetting periods, the 
sampling results reflect the minimum amount of mass infiltrated, if some of it may have been degraded 






Figure 3-3. Comparison of the expected spiked mass to the spiked mass calculated from the sampling results 
 
The effect of underestimation of the infiltrated mass on the overall mass balance is therefore 
predictable: if the infiltrated mass is underestimated, the only place any “missing” infiltrated mass 
could be accounted for is in the mass degraded at depth in the soil. Thus, if it is the case that some 
mass degraded in the inflow water before infiltration, then the degraded mass totals will 


















































Comparing the pre-spiking mass in Table 3-5 to the sum of the spiking-period infiltrated mass (Table 
3-6, 0 cm values) and Table 3-6 values for each soil column and compound, the pre-spiking mass as a 
percentage of total mass infiltrated is listed in Table 3-8. For carbamazepine and diclofenac, the pre-
spiking mass is greater than 1% of the total mass infiltrated. Therefore, the additional uncertainty of 
the fate of the pre-spiking mass will be considered for these compounds. For fenoprofen, gemfibrozil 
and naproxen, the pre-spiking mass is less than 1% of the total mass infiltrated. Uncertainty of the fate 
of the pre-spiking mass of these three compounds is therefore neglected. 
 
Table 3-8. Pre-spiking mass as a percentage of total mass infiltrated 
 Carbamazepine Diclofenac Fenoprofen Gemfibrozil Naproxen 
Column A 3.3% 9.0% 0.04%1 0.2% 0.6% 
Column B 1.7% 4.9% 0.02%1 0.1% 0.3% 
Column C 1.9% 6.1% 0.03%1 0.1% 0.3% 
1Fenoprofen was not detected in each of the three inflow samples (measured undiluted, detection 
limit 0.02 μg/L); value shown is assuming a pre-spiking concentration of half the detection limit.  
 
 
The concentrations of the antibiotic compounds in Column C versus the cumulative volume of water 
flow through the soil are shown in Figure 3-4. Concentrations of the antibiotics in Column C decreased 
with depth, with the concentration at 27 cm depth being 50% or less of the inflow concentration 
(except for sulfadimidine in the sixth sampling event). In this chapter, the antibiotics are considered 
only as an infiltration condition. Their fate is discussed in Chapter 4.  
 
   
  
Figure 3-4. Measured concentrations of the antibiotic pharmaceuticals in Column C 
 
3.2.2 Sorbed pharmaceutical mass  
Extraction of spiked and unspiked samples of the post-experiment soil showed mean relative 
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samples using Equation 7 (the measured concentration in the extract of the spiked sample minus the 
measured concentration in the extract of the unspiked sample, divided by the known spiked mass), 
ranging from 64% for gemfibrozil to 82% for carbamazepine (Table 3-9). These relative recoveries are 
typical for extraction of pharmaceuticals and other TrOCs from organic-rich matrices, where recovery 
depends on e.g. the sample matrix, compound extracted and solvent or combination of solvents used 
(Runnqvist et al., 2010; Nieto et al., 2010). Results from the extraction of all soil samples are shown in 
(Figure 3-5), where the expected total sorbed concentration is the mean measured concentration 
divided by the mean extraction efficiency (Table 3-9), with percentage converted to a decimal. In 
Appendix B, Table B-1 lists results of all replicates without correction for recovery, while Table B-2 
shows the cumulative sorbed masses from the top of the soil to each sampling point. 
 
Of the five compounds, carbamazepine sorbed the most, followed by diclofenac and gemfibrozil. Less 
sorption of fenoprofen occurred and almost none of naproxen. Carbamazepine has a log Kow of 2.45 
and has been reported to sorb in several studies (Matamoros et al., 2008; Banzhaf et al., 2012; Hebig 
et al., 2017). Although carbamazepine and diclofenac (log Kow 4.51) dissolved in TWW have been shown 
to have similar affinities to sorb in an organic-rich sediment (Chefetz et al., 2008), in comparing the 
Column A results, about twice as much sorption of carbamazepine occurred compared to diclofenac 
at 12 cm and 27 cm depth. 
 
Table 3-9. Relative recovery of spiked mass of the pharmaceutical compounds from three soil samples and the 
average relative recovery 
Sample  CMP DCF FEN GMB NX 
A 12cm Mean (%) 80% 47% 62% 56% 65% 
 Standard 
deviation (%) 39% 10% 5.1% 3.7% 5.9% 
C 12cm Mean (%) 87% 77% 69% 73% 67% 
 Standard 
deviation (%) 47% 3.9% 2.1% 4.1% 2.4% 
C 72cm Mean (%) 79% 76% 64% 65% 66% 
 SD (%) 27% 2.4% 1.2% 4.2% 2.0% 
Mean Mean (%) 82% 67% 65% 64% 66% 
 Standard 
deviation (%) 22% 3.7% 1.9% 2.3% 2.2% 




Figure 3-5. Calculated total sorbed mass of the non-antibiotic pharmaceutical compounds extracted from soil 
samples 
The mean and standard deviation of three replicates is shown, except only two replicates were analyzed 
for Column B samples 12 cm and 72 cm, Column C sample 27 cm and Column C sample 72 cm for CMP. 
CMP = carbamazepine, DCF = diclofenac, FEN  = fenoprofen, GMB = gemfibrozil, NX = naproxen. 
 
The quantity of sorption of the compounds generally followed the order carbamazepine > diclofenac 
> gemfibrozil > fenoprofen > naproxen. The latter four compounds all have log Kow values above 3, but 
they are also anionic. Sorption of these anionic pharmaceuticals can be aided by complexation with 
multivalent cations (Bui and Choi, 2010). Sorbed concentrations of carbamazepine decreased with 
depth (Figure 3-5), but up to 5.4 mg passed 72 cm depth in the water phase and concentrations were 
still increasing at the end of the experiments (Figure 3-2). This suggests that sorption did not reach 
equilibrium and was still occurring when infiltration was ended.  
 
Aside from carbamazepine, the only other instance of a compound showing clear decreases in sorbed 
concentration with depth is diclofenac in Column A. In the remaining cases, sorbed concentrations do 
not appear to decrease with depth. However, considerable mass of all compounds (Table 3-6) except 
naproxen was observed in the water phase at 72 cm depth (Figure 3-2). With fenoprofen and 
gemfibrozil, concentrations in the water phase were generally lower, limiting sorption. On the other 
hand, sorbed diclofenac concentrations increased with depth in Columns B and C. With aerobic 
conditions generally present through 27 cm depth, degradation may have occurred until nitrate was 
depleted, with lower concentrations then limiting diclofenac sorption in the upper part of the soil.   
 
3.2.3 Fate of pharmaceutical mass  
The fate of mass is divided into three categories: passing in the water phase, sorbed to the soil and 
degraded into some other compound(s). The first two totals were calculated from measured data, 
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while the third is inferred from the mass balance. Figure 3-6 presents these results, cumulative from 
the top of the soil down to each sampling depth, in terms of absolute mass and percentage of the 
infiltrated mass (mass passing 0 cm). The complete mass balance is also shown in Table B-2.  
 
Of the infiltrated carbamazepine mass, 73% or more is calculated to have sorbed by 72 cm depth in all 
columns. A small amount of degraded mass (up to 14%) is indicated by the mass balance, but is close 
to or within the cumulative uncertainty range. Several studies have found that carbamazepine is 
recalcitrant (Clara et al., 2004; Scheytt et al., 2006; Patterson et al., 2011; Durán-Álvarez et al., 2015) 
but degradation was reported for a soil with high (1%) organic carbon content (Banzhaf et al., 2012). 
Carbamazepine was the most persistent compound among 19 pharmaceuticals analyzed in a field-
based study of soil irrigated with TWW (Kinney et al., 2006). Results of the present study are consistent 
with findings that carbamazepine is not degraded, as all cases of missing mass lie within the margin of 
propagated uncertainties.  
 
Although diclofenac has a high log Kow (above 4), it is an anion at neutral pH (pKa around 4, Table 3-1). 
The compound exhibited low sorption in organic-poor soils (Lin and Gan, 2011) but has been observed 
to sorb in soils with 1% or greater organic carbon content (Banzhaf et al., 2012; Chefetz et al., 2008). 
With the soil with a relatively high organic matter content in the present study, the extraction results 
clearly indicate sorption of diclofenac (Figures 3-3 and 3-4). Sorption of diclofenac may also be aided 
by complexation with multivalent cations (Bui and Choi, 2010). The double-valent cations calcium and 
magnesium were present in the inflow water at concentrations ranging from 7.2 to 53 mg/L and 34 to 
175 mg/L, respectively. Concentrations in pore water samples often increased with depth in the soil. 
Iron and manganese concentrations measured with AAS showed that in general, concentrations of 
both increased with depth (they were not detected in the inflow water). Iron concentrations reached 
4.0 mg/L in Column A, 12 mg/L in Column B and 9.8 mg/L in Column C. Manganese concentrations 
reached 4.3 mg/L in Column A, 6.7 mg/L in Column B and 6.6 mg/L in Column C. The presence of these 
and possibly other multivalent cations therefore presents a possible mechanism for aiding diclofenac 
sorption. More mass of diclofenac sorbed in Column A (32%) compared to Columns B and C (14% and 
19%, respectively), in which water phase concentrations decreased more rapidly with depth. 
 
Degradation of diclofenac is inferred for the columns with wetting and drying cycles, in which more 
than half of the mass is inferred degraded by 27 cm depth. Diclofenac has been shown to degrade 
under oxic conditions (Gröning et al., 2007) with a range of degradation products (Jewell et al., 2016) 
and for anoxic conditions with nitrate present (Rauch-Williams et al., 2010; Banzhaf et al., 2012).  
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     passing      sorbed      degraded attenuated =       sorbed +      degraded 
Figure 3-6. Fate of mass infiltrated during the column experiments 
Percentages of the total mass infiltrated are cumulative from the soil surface down to the depth 
indicated. Error bars display only the positive portion of propagated uncertainties. Some error bars 



































































































































































































































































A few studies have found better degradation of diclofenac under denitrifying conditions than oxic 
conditions (Zwiener and Frimmel, 2003; Rauch-Williams et al., 2010; Banzhaf et al., 2012). Nitrate 
concentrations decreased with depth in all three columns (Table 3-4), with the greatest rate of 
decrease in Column A and the slowest rate of decrease in Column C. 
 
In the presence of high concentrations of humic substances but little labile organic matter, diclofenac 
may be more readily degraded as microorganisms utilize it as an alternative energy source (Maeng et 
al., 2012; Alidina et al., 2014). In Column A, where conditions were anoxic and nitrate concentrations 
were typically low (Table 3-4), a small amount of degradation (9 to 12% of infiltrated mass) is calculated 
but lies within or close to the cumulative uncertainty range. Overall, these results suggest that wetting 
and drying cycles are necessary to have enough electron acceptors (oxygen and/or nitrate) present for 
diclofenac degradation to occur. Hellauer et al. (2017b) reported increased degradation of diclofenac 
with a sequential aeration step following BDOC-rich infiltration, which is a condition similar to wetting 
and drying cycles. He et al. (2016) reported only ~15% more degradation of diclofenac with cyclic 
compared to continuous infiltration, but through a soil with very low (0.02%) organic carbon content. 
With the more organic-rich soil in the present study, however, degradation appears to be more 
dependent on infiltration mode: at least 46% of diclofenac was degraded with wetting and drying 
cycles, compared to little (i.e. within the margin of propagated errors) or no degradation with 
continuous infiltration.  
 
About half of the infiltrated mass of fenoprofen is inferred to have degraded, probably with all 
degradation occurring by 12 cm depth in Columns A and B and by 27 cm depth in Column C. In contrast, 
91% or more of infiltrated naproxen is inferred degraded in each column. In a study of degradation in 
wastewater treatment, degradation rates of fenoprofen were similar to (equal or slightly larger than) 
those of naproxen (Chen et al., 2015). The lack of degradation of fenoprofen at depth in the present 
study might indicate that it does not degrade anaerobically. A study infiltrating river water under oxic 
conditions also showed degradation of fenoprofen (Maeng et al., 2011a). Although conditions in 
Column A were likely more reducing due to continuous infiltration, the low concentrations of nitrate 
present in Column A may have been enough to support aerobic degradation through 12 cm depth. 
Around 9-10% of the fenoprofen mass was found to sorb. 
 
Similar to fenoprofen, about half of infiltrated gemfibrozil is inferred to have been degraded, while up 
to 14% attenuated by sorption. Unlike fenoprofen, inferred degradation of gemfibrozil increases 
progressively with depth in each column (with the exception of the similar results for 27 and 72 cm 
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depth in Column C), suggesting that it is degraded both aerobically and anaerobically (Table 3-4). 
Maeng et al. (2011a) found little degradation of gemfibrozil in column experiments infiltrating river 
water through silica sand (oxic conditions), while Alidina et al. (2014b) found that degradation 
increases strongly with a lower BDOC to refractory organic matter ratio. As this ratio likely decreased 
along the flowpath in the present study without much difference between continuous versus cyclic 
infiltration, the results here are consistent with the findings of Alidina et al. (2014a,b) that degradation 
depends on the nature of organic matter present, rather than on specifics of the microbial community.  
 
Nearly all the mass of naproxen that entered the soil columns was degraded by 72 cm depth. Only 2-
3% of the infiltrated mass sorbed. Naproxen is known to be degraded in many aqueous environments, 
including MAR applications (Rauch-Williams et al., 2010; Maeng et al., 2011a). By 12 cm depth, 78% of 
the infiltrated mass had already been degraded in Column A but 45% or more of the mass was still in 
the water phase in the other two columns at this depth. Based on these observations, it is possible 
that degradation of naproxen is more efficient under anaerobic conditions for this water-soil system, 
which would contrast with another study that found degradation of naproxen only under aerobic 
conditions (Lin and Gan, 2011).  
 
Antibiotics were added to the inflow water of Column C to evaluate whether their presence in greater 
concentrations affected degradation of the other pharmaceutical compounds. At 12 cm depth, 
fenoprofen, gemfibrozil and naproxen show more degradation in Column B (no antibiotics spiked) than 
Column C (antibiotics spiked). Furthermore, nitrate concentrations at depths of 12 and 27 cm were 
highest in Column C (Table 3-4). Both of these observations could be due to the elevated 
concentrations of antibiotics suppressing microbial activity until they were attenuated. The difference 
is especially large for fenoprofen and naproxen. However, by 72 cm depth, the difference in degraded 
mass is much less. The spiked antibiotics themselves showed some attenuation by 12 cm and more 
with greater depth (Figure 3-4). The decrease in concentration of these three antibiotics in the water 
phase by 72 cm depth coincides with the portion of mass degraded in Column C becoming similar to 
Column B. Therefore, the antibiotics’ presence may slow degradation of other compounds. Liu et al. 
(2009) incubated soil with sulfamethoxazole and sulfadimidine at concentrations between 1 and 100 
mg/kg and found substantially decreased microbial respiration (an indicator of activity) with higher 
antibiotic concentrations. Another study similarly found changes in microbial communities, including 
relatively more fungal biomass, when sulfonamide antibiotics (including sulfamethoxazole and 
sulfadimidine) were added with a carbon source to soil (Gutiérrez et al., 2010). In a study of soil 
samples containing a single compound compared to samples with a mixture of compounds, Monteiro 
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and Boxall (2009) found less degradation of naproxen in the samples with a mixture, which included 
sulfadimidine. The finding here of less degradation of other compounds is thus plausible in view of 






4 Fate of antibiotic pharmaceuticals 
This chapter presents evaluation of the fate of the antibiotic pharmaceuticals spiked in the inflow 
water for Column C. The materials and methods follow those described in Chapter 3.1 and are only 
briefly expanded on here with respect to the antibiotic compounds. 
 
4.1 Materials and methods  
4.1.1 Properties of the antibiotic pharmaceutical compounds  
The antibiotics doxycycline, sulfamethoxazole and sulfadimidine are soluble in water and have 
relatively low log Kow values (Table 4-1). Compared to the non-antibiotic pharmaceutical compounds 
(Chapter 4), these antibiotics are less hydrophobic, as indicated by lower Kow values, and more soluble 
in water. While the Kow reflects the hydrophobicity of a compound, Wegst-Uhrich et al. (2014) also 
consider Dow, which compares the sum of ionized and non-ionized species of a solute in octanol to the 
same sum in water. Software-estimated Dow values for sulfadimidine were lower than estimated Kow 
values, and both fall in the lower end of literature-reported Kd values (Wegst-Uhrich et al., 2014). The 
lower Dow compared to Kow values could indicate that ionized species of sulfadimidine play a role in 
sorption.  
 
Table 4-1. Chemical properties of sulfamethoxazole and sulfadimidine   
Compound Chemical 
formula 
log Kow  Water 
solubility 
(mg/L) 
Doxycycline C22H24N2O8 -0.02 a 630 b 
Sulfamethoxazole C10H11N3O3S 0.89 a 610 a 
Sulfadimidine C12H14N4O2S 0.76 a 1,500 a 
a from US EPA (2012); b from https://pubchem.ncbi.nlm.nih.gov/compound/doxycycline, accessed 21 
June 2019.  
 
Sulfamethoxazole has been found to degrade in several studies. In a soil column study using bank 
filtration water (containing TWW mixed with other surface water) and a quartz sand, which limited 
sorption to <10% of total mass, Baumgarten et al. (2011) found that sulfamethoxazole degraded, with 
elimination rates dependent on redox conditions, adaptation time and initial concentration. In general, 
higher degradation was found for aerobic conditions and with lower initial concentration. Degradation 
increased after an initial adaptation period, which was shorter for higher inflow concentrations of 
sulfamethoxazole and also shorter with higher BDOC concentrations. At a sulfamethoxazole inflow 
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concentration of 4 µg/L, Baumgarten et al. (2011) found attenuation of 95% of the inflow mass, due 
predominantly to degradation. In a study with soil richer in organic matter (1% organic carbon), 
Banzhaf et al. (2012) found that attenuation of sulfamethoxazole was closely correlated with 
denitrification (i.e. degradation of nitrate to nitrite, then nitrite to a gaseous product), suggesting that 
when denitrification occurs, it controls sulfamethoxazole degradation. Sorption did not appear to be a 
significant attenuation process under the experimental conditions (Banzhaf et al., 2012). 
 
Sulfadimidine has been found to sorb to soils. For loamy soils and similar concentration ranges as with 
sulfadimidine in the present study (0 – 60 μg/L), Kd values of 0.95 – 22.28 were found by Wegst-Uhrich 
et al. (2014), with Kd typically decreasing over the pH range 5 to 9. Fan et al. (2011) investigated four 
soils, two of which have total organic matter contents in the range of 7.5% (close to the value of 6.8% 
of the soil in the present study). For these soils, Kd values of 1.25 and 1.99 L/kg are reported, with 
corresponding Koc values of 16.7 and 26.5 (Fan et al., 2011). Sorption of sulfadimidine in several soils 
has been explained with a linear-regression model that accounts for both anionic and neutral aqueous 
species (Lertpaitoonpan et al., 2009). Degradation of sulfadimidine in soils has also been reported (Fan 
et al., 2011).   
 
4.1.2 Extraction  
The choice of solvent, or a mixture of solvents, is a decisive factor in the recovery of different 
compounds, with similar polarity between solvent and target compound leading to better recoveries 
(Nieto et al., 2010). The extraction method, described in Chapter 3.1.3, was planned primarily to 
optimize recovery of five non-antibiotic pharmaceuticals. Those compounds have higher log Kow values 
(2.25 – 4.77) than the antibiotics discussed here. The methanol-phosphoric acid mixtures used in the 
extraction could lead to lower recoveries of the antibiotics compared to the lower-polarity non-
antibiotic compounds (Chapter 3.2.2).  
 
4.2 Results and discussion  
4.2.1 Column experiment  
Concentrations of the antibiotics doxycycline, sulfadimidine and sulfamethoxazole decreased with 
depth in the soil (Figure 3-4). At 12 cm depth, doxycycline concentration decreased during all sampling 
events (concentrations between <0.05 and 7.1 μg/L) relative to the inflow water (0 cm depth). 
Sulfamethoxazole concentrations decreased in six of the seven sampling events (concentrations 2.5 – 
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23.5 μg/L), while sulfadimidine concentration decreased in three of the six sampling events (2.16 – 
19.4 μg/L) at 12 cm depth relative to the inflow water. At 27 cm depth, the highest measured 
doxycycline concentration was 0.77 μg/L, and in three cases the compound was not detected. 
Sulfamethoxazole concentrations were in the range of 1.3 – 7.6 μg/L, while sulfadimidine was detected 
in the range of 1.53 – 15.1 μg/L. At 72 cm depth, doxycycline was detected at 0.21 and 0.11 μg/L in the 
first two samples, respectively, and remained below the detection limit thereafter. Sulfamethoxazole 
was detected at 4.7 μg/L during the first sampling event, then remained at or below 1.2 μg/L thereafter 
and was not detected (<0.01 μg/L) in the 5th and 6th samples. Sulfadimidine was detected in all samples, 
at concentrations ranging from 2.6 to 11.3 μg/L.  
 
Measurements of ORP in Column II (Figure 2-9) and Column B (Figure 3-1) showed that Eh reached 
levels above +400 mV during drying periods, while it sunk to about -200 mV during wetting periods. In 
Column I, oxygen was consumed within eight hours at 2 – 12 cm depth at the beginning of a wetting 
period (Figure 2-4) and remained at zero through the wetting periods (observed in Column II, Figure 
2-10). It is therefore presumed that anoxic conditions were generally present and Eh sunk gradually 
over time during the wetting periods.  
 
Degradation of TrOCs is often dependent on redox conditions and organic matter composition and 
content (Maeng et al., 2011b). A study of bank filtration showed that sulfamethoxazole attenuated 
better under anoxic conditions (Heberer et al., 2008). However, many redox-dependent pathways and 
degradation products exist for sulfamethoxazole (Rodriguez-Escales and Sanchez-Vila, 2016). As a wide 
range of redox conditions existed during the wetting and drying cycles, degradation is likely 
accountable for at least some of the observed decreases in sulfamethoxazole concentration.  
 
Sulfadimidine is a polar compound (low log Kow; Table 4-1.). Fan et al. (2011) found that sulfadimidine 
and an even more polar degradation product were removed from the water phase by sorption that 
was strongly correlated with soil organic matter content. Sorption of sulfadimidine is generally 
inversely correlated with pH, and in particular may increase below 7.4 due to hydrophobic partitioning 
of a non-ionized species (Lertpaitoonpan et al., 2009). Both sorption and degradation are therefore 




4.2.2 Sorbed mass and overall fate of antibiotic mass  
The extraction resulted in mean recoveries of 43% for sulfamethoxazole and 19% for sulfadimidine 
(Table 4-2), while doxycycline was not detected in the extracts from any samples (including the spiked 
samples) of the post-experiment soil. These recoveries are considerably lower than the recoveries 
between 64% and 82% for the non-antibiotic pharmaceuticals.  In a study investigating sewage sludge 
samples, Lillenberg et al. (2009) used a 1:1 (based on volume) acidic aqueous solution of (36 mM H3PO4, 
10 mM citric acid monohydrate):acetonitrile, which is similar to the extraction solutions in this study 
(50 mM H3PO4:MeOH in 2:1 and 1:2 volume ratios), in that both are mixtures of an acidic aqueous 
solution and a polar organic solvent. Mean recoveries from the sewage sludge samples were 95% for 
doxycycline (10% with a second type of SPE cartridge), 90 - 96% for sulfamethoxazole and 43 - 53% for 
sulfadimidine (Lillenberg et al., 2009). The comparably lower recoveries of these compounds in the 
present study could have been affected by neutralization of the acid by carbonate minerals in the soil. 
It is noteworthy that a better recovery was found for sulfamethoxazole compared to sulfadimidine in 
the extraction in both the present study and in Lillenberg et al. (2009). 
 
Table 4-2. Recoveries of the antibiotics sulfadimidine (SDM) and sulfamethoxazole (SMX) from post-
experiment soil, reported as mean and standard deviation of duplicate samples (triplicate samples at 12 cm 
depth) in percent.   
Sample SDM SMX 
12 cm  22 ± 16 45 ± 15 
72 cm 17 ± 10 41 ± 7 
Mean 19 ± 8 43 ± 14 
 
 
As doxycycline was not recovered from the post-experiment soil, even from the spiked samples, the 
fate of the compound cannot be determined from the available data. Doxycyline may exist in colloidal 
form in both water and when sorbed to sediment (Zaranyika et al., 2015). A multi-step sample 
preparation method and HPLC analysis at a pH of 3 was used by Zaranyika et al. (2015) to measure 
doxycycline. Therefore, to determine the fate of doxycycline in a wet soil environment, a sample 
treatment and analytical method specifically designed to measure doxycycline may be needed. In the 
present study, doxycycline was measured using the method described in Chapter 3.1.4, for 
simultaneous determination of several compounds.  
 
The extraction results do provide information useful for inferring the fate of sulfadimidine and 
sulfamethoxazole. From the post-experiment soil samples, only 8 ng/g of sulfamethoxazole was 
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recovered in the sample from 12 cm depth, while sulfamethoxazole was not detected in the samples 
from 27 and 72 cm depths. Recovered mass of sulfadimidine was 61, 45 and 61 ng/g in the samples, 
respectively. It is noteworthy that distinctly more mass of sulfadimidine was recovered compared to 
sulfamethoxazole, despite the higher recovery found for sulfamethoxazole (Table 4-2). This suggests 
that the results provide, at the least, an indication that sorption was an important process for 
sulfadimidine, despite the mean recovery of only 19%. The interpretation of sorption being an 
important processes for sulfadimidine is consistent with the findings of previous studies (Fan et al., 
2011; Wegst-Uhrich et al., 2014). The apparent total sorbed mass, calculated as the recovered mass 
divided by the mean extraction recovery rate, is shown in Figure 4-1. Just over 300 ng/g of 
sulfadimidine is projected for the 12 cm and 72 cm samples, while 240 ng/g is calculated for the 27 cm 
sample. Considering deviations of the replicate samples, the results suggest that a range of about 240 
– 300 ng/g sorbed mass is plausible. This would be consistent with a linear sorption mechanism, which 
has been demonstrated for sulfadimidine by Lertpaitoonpan et al. (2009).  
 
 
Figure 4-1. Apparent total sorbed mass in the post-experiment soil samples 
 
  
     passing      sorbed      degraded attenuated =       sorbed +      degraded 
 
Figure 4-2. Fate of mass of sulfadimidine and sulfamethoxazole infiltrated during the column experiment 
Percentages of the total mass infiltrated are cumulative from the soil surface down to the depth indicated. Error 













































The mass balances for sulfadimidine and sulfamethoxazole are shown in Figure 4-2, which further 
illustrates that sorption was an important attenuation mechanism for sulfadimidine. Although sorption 
of sulfadimidine has been found in previous studies (Fan et al., 2011; Wegst-Uhrich et al., 2014), it has 
also been found to degrade in wastewater treatment (Pérez et al., 2005) and in soils with similar 
organic matter content to the present study (Fan et al., 2011). The mass balance for sulfadimidine also 
suggests that some mass of the compound degraded. If this is the case, sorption of sulfadimidine may 
have delayed or prevented even more degradation under these infiltration conditions.  
 
Meanwhile, the mass balance for sulfamethoxazole shows increasing attenuation of the compound at 
each sampling point, with nearly all of the infiltrated mass attenuated by 72 cm depth. As 
sulfamethoxazole was not detected in the extracts from the deeper soil samples (27 and 72 cm depths), 
the (most important) attenuation mechanism is inferred to be degradation. Approximately 96% of 
sulfamethoxazole mass was inferred to have been degraded, which is similar to the finding of 
Baumgarten et al. (2011) for an inflow concentration of 4 µg/L that 95% of sulfamethoxazole was 
degraded. Nitrate was present in the inflow water and generally attenuated between 0 cm and 27 cm 
depth (Table 3-4). It is therefore plausible that at least some, if not most, of the degradation of 
sulfamethoxazole was linked to the process of denitrification, as was found by Banzhaf et al. (2012). 
 
Degradation is presumed to have been aided by microbes. For microbial degradation to occur in a new 
or changed environment, the time needed for the microbial community to adapt to the conditions and 
then obtain peak efficiencies degrading compounds (adaptation time) is an important parameter. An 
adaptation time of about nine months was found for degradation of sulfamethoxazole in a study of 
bank filtration (Bertelkamp et al., 2016), compared to 3-12 months found by Baumgarten et al. (2011). 
In the latter study, it was found that attenuation was high in the presence of higher BDOC 
concentrations, but that at lower BDOC concentrations, degradation rates were also high after a longer 
adaptation time. In the present study, adaptation time might have been relatively short, given the 
acetate (a form of BDOC) concentrations (Figure 2-11) measured. However, the role of the soil organic 
matter and BDOC on microbial adaptation and degradation rates, both initially and when BDOC 
concentrations decrease after the initial leaching, is a topic that warrants further research.  
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5 Environmental implications and conclusions 
5.1 Nitrogen cycling and redox conditions 
In two separate column experiments, ammonium was produced during infiltration of TWW through a 
soil containing >2% organic carbon and >0.2% organic nitrogen. Based on mass balance and isotopic 
data, soil nitrogen appears to be an important source of the ammonium, if not the main source. While 
soils with considerable organic matter have certain advantages for MAR, implementers of MAR 
schemes should be aware of the potential to form ammonium with concentrations exceeding the EU 
water framework directive limit in the infiltrating water. As ammonium concentrations first increased 
to an initial peak and then decreased, MAR applications should be planned with the view that 
ammonium might be generated during an initial phase of infiltration.  
 
Results of this study of nitrogen compounds suggest that nitrification occurs during drying phases and 
a combination of denitrification and DNRA during wetting phases. While denitrification of at least some 
of the nitrate in the inflow TWW appears to have occurred, several indications of DNRA were also 
observed: high acetate-to-nitrate ratios early in the experiments and in the 15-30 cm depth range in 
the soil, Eh values below zero and often below -200 during wetting periods, high δ15N of nitrate in the 
inflow water combined with  δ15N  of ammonium greater than that of the soil and that increased early 
in the experiment, and isotopic enrichment factors that are lower than enrichment factors typically 
found for denitrification occurring alone. The high 18O:15N ratios may also be a result of DNRA, although 
this warrants further research. For implementation of MAR schemes, the occurrence of DNRA is 
important in that it lowers the nitrogen elimination rate of the system. As opposed to gaseous products 
of denitrification, nitrate-nitrogen reduced to ammonium will remain in the system, either as 
ammonium or later nitrified back to nitrate. This cycling of ionic nitrogen forms presents the potential 
to deliver a plume of ammonium and/or nitrate to the aquifer.  
 
The sorption batch experiments demonstrated that ammonium sorbs to the same soil during 
infiltration with TWW, which implies that ammonium was retarded during transport through the soil. 
Results of the column experiments suggest that, under wetting and drying cycles, some ionic nitrogen 
mass may be eliminated by nitrification during drying periods and denitrification during the 
subsequent wetting period. Further research could focus on the partitioning of nitrate reduction 
between denitrification (eliminating nitrogen mass from the system) and DNRA (conservation of 
nitrogen mass in the system). The length of wetting and drying cycles, particularly in the beginning of 
infiltration when concentrations of acetate and other labile organic carbon compounds can be 
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expected to be high, may be a tool to influence partitioning between denitrification and DNRA and 
thereby how much DIN mass remains in the soil-groundwater system.  
 
 
5.2 Fate of non-antibiotic pharmaceuticals  
The non-antibiotic pharmaceuticals were all found to attenuate under each of the three investigated 
infiltration conditions. Sorption was found to account for mass attenuation in the order carbamazepine 
> diclofenac > gemfibrozil > fenoprofen > naproxen. To the extent pharmaceutical mass sorbs to the 
soil in field MAR applications, it poses a risk, as it could later desorb and be transported toward the 
aquifer. If desorbed, some compounds (e.g. gemfibrozil) could be expected to be degraded under 
anaerobic conditions (if present) at greater depth, while others might not be degraded at all (e.g. 
carbamazepine) or only degraded if aerobic conditions are present (e.g. diclofenac). For planning of 
MAR sites, sorption of compounds should be considered together with the potential for desorbed 
compounds to later degrade, in the context of the (expected) unsaturated zone and aquifer redox 
conditions.  
 
A substantial amount of mass degradation is inferred for all compounds except for carbamazepine. If 
degradation of contaminant mass to small, non-toxic molecules is complete (e.g. to CO2 and H2O) or 
the remaining degradation products are non-toxic, this mass attenuation mechanism should improve 
water quality during MAR, potentially in a sustainable manner. The difference in inferred degradation 
of diclofenac between the columns shows that for this compound, wetting and drying cycles are useful 
in promoting degradation, likely due to oxidizing conditions during drying periods slowing nitrate 
attenuation in comparison to continuous infiltration. Wetting and drying cycles may therefore be 
beneficial to the fate of diclofenac and possibly other organic micropollutants, while having only slight 
to no negative effect on compounds that degrade anaerobically (gemfibrozil and naproxen). With 
degradation observed over a wide range of redox conditions, selecting a soil with substantial organic 
matter content appears to be a viable approach to attenuating a range of pharmaceutical compounds. 
In Column C, less degraded mass was found with elevated antibiotic concentrations. The 
concentrations of these compounds should be monitored and the treatment effectiveness of the 
uppermost part of the soil should be evaluated with antibiotic concentrations in mind, in terms of 




5.3 Fate of antibiotic pharmaceuticals  
The two sulfonamide antibiotics evaluated show differing environmental fates. In the case of 
sulfadimidine, sorption is an important process. Sorption can be aided by high soil organic carbon 
content (Lertpaitoonpan et al., 2009). Sorption and degradation of the antibiotic sulfadimidine are 
both processes that occur during infiltration through soils with similar organic matter content (Fan et 
al., 2011). While sorption could have prevented more degradation of sulfadimidine over the time 
frame of the column experiment, if coupled with desorption when concentrations are lower, the net 
effect would be retardation during transport. A higher retention time in the soil could have the effect 
of increasing degradation in the long term.  
 
Meanwhile, degradation was an important process affecting the fate of sulfamethoxazole. Results of 
this study suggest that the redox conditions promoted degradation of substantial mass of the 
compound under the infiltration conditions of a relatively organic-rich soil and TWW. If nitrate is 
present in the MAR system and conditions for denitrification exist (i.e. presence of sufficient BDOC), 
degradation of sulfamethoxazole may be promoted (Banzhaf et al., 2012). As nitrate is also a chemical 
of concern in groundwater in general (Almasri, 2007) as well as in MAR systems (Miller et al., 2006; 
Barry et al., 2017; Schmidt et al., 2012), potential exists to optimize degradation of these two pollutants 
simultaneously in the presence of sufficient BDOC.  
 
To better attenuate higher mass loads of sulfamethoxazole, a soil capable of leaching BDOC might be 
beneficial toward degrading greater mass, at least during the initial stages of infiltration. In the study 
of nitrogen cycling (Chapter 2), it was observed that acetate (a form of BDOC) concentrations were 
highest in the beginning of infiltration (Figure 2-11), then decreased over time. Leaching of BDOC from 
soil organic matter could, then, be a process that is well-timed to help reduce mass of 
sulfamethoxazole reaching the aquifer during the early stages of MAR, when adaptation times might 
otherwise be longer (as noted in Section 4.2.2, this topic warrants further research). Therefore, 
potential exists to minimize the mass load of sulfamethoxazole reaching an aquifer during infiltration 
of TWW, dependent on factors such as BDOC availability and redox conditions, and their effects on 
microbial adaptation time.  
 
5.4 Conclusions  
Concentrations of all of the pharmaceutical compounds analyzed in this study, including the 
antibiotics, decreased during infiltration. Sorption was the main attenuation mechanism for 
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carbamazepine and an important mechanism for sulfadimidine, while degradation played a role in the 
attenuation of diclofenac, fenoprofen, gemfibrozil, naproxen and sulfamethoxazole. In the cases of 
diclofenac and sulfamethoxazole, degradation appears to be linked to the process of denitrification. 
  
An important question in MAR is how to manage infiltration in order to optimize degradation of 
pollutants. Wetting and drying cycles appear to have resulted in more degradation of diclofenac than 
continuous infiltration. Furthermore, while denitrification appears to have occurred during continuous 
infiltration, only wetting and drying cycles offer the opportunity to eliminate DIN mass, through 
nitrification of ammonium during drying, then denitrification to gaseous nitrogen during the following 
wetting. Ammonium appears to have formed in large part from nitrogen contained in the soil. Potential 
to attenuate ammonium depends on sorption and desorption, which increase retention time in the 
unsaturated zone. With this soil, however, lower infiltration rates and/or shorter wetting periods 
would be needed to prevent a plume of ammonium from leaching to the aquifer, where it would move 
slowly due to retardation or be converted to nitrate if oxidizing conditions are present.  
 
To manage this issue in a field MAR application, low volumes of TWW should be infiltrated initially in 
short infiltration phases (e.g. 1-2 days), and then the recharge volumes and infiltration time could be 
gradually increased after ammonium concentrations during infiltration decline. This could take years 
with the experimental soil used in this study, but planning of MAR applications with a longer 
operational time frame (e.g. decades) in mind may help to further optimize the systems and determine 
what initial soil organic matter content best balances all water quality considerations.  
 
Overall, this soil with 2.57 % organic carbon resulted in a wide range of redox conditions with wetting 
and drying cycles, with over half of the infiltrated pharmaceutical mass removed from the water in all 
cases. The study of nitrogen compounds illustrates that pollutants that can be generated from the soil 
should be considered and managed. MAR operated with wetting and drying cycles can help degrade 
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Figures A-1 through A-19 show stable isotopes in nitrate from the individual sampling events. Three 
graphs are shown for each: a) stable isotopes in nitrate, b) concentration dependency of 15N and c) 
enrichment (ε) of 15N. On graphs (a) and (b), where no data point appears for a specific depth graphs, 
nitrate concentration was too low for detection of stable isotopes. On graph (c), only data points 
indicating enrichment of 15N relative to the inflow water are shown. For sampling events in which no 
samples were measured for stable isotopes, the figure number is skipped so that all figure numbers 









    























































































c) Enrichment of 15N 
 



















































































































































































































































































































































































































































































c) Enrichment of 15N 
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Sorbed concentrations found from all replicates of the extraction samples are shown in Table B-1. The 
spiked mass added per spiked sample (4 g milled soil) was as follows: carbamazepine 832 ng, diclofenac 
766 ng, fenoprofen 797 ng, gemfibrozil 800 ng, naproxen 819 ng. 
 
Table B-1. Results of extraction samples including all replicates    
CMP DCF FEN GMB NX 
Sample 
 
Replicate ng / g ng / g ng / g ng / g ng / g 
A12 
 
1 531 195 20 56 10 
A12 
 
2 430 184 18 51 8 
A12 
 
3 505 205 18 53 8 
  
Average 489 195 19 53 8 
        
A12 S 1 642 293 153 173 153 
A12 S 2 602 293 141 161 141 
A12 S 3 723 265 133 161 128 
  
Average 656 284 142 165 141 
        
A27 
 
1 303 134 18 45 5 
A27 
 
2 430 136 15 43 5 
A27 
 
3 243 124 15 38 3 
  
Average 325 131 16 42 4 
        
A72 
 
1 207 121 15 43 3 
A72 
 
2 227 121 20 40 5 
A72 
 
3 187 121 15 43 3 
  
Average 207 121 17 42 3 
        
B12 
 
1 379 33 10 30 5 
B12 
 
2 329 35 10 33 5 
  
Average 354 34 10 32 5 
        
B27 
 
1 169 63 15 43 1 
B27 
 
2 278 33 13 38 5 
  
Average 224 48 14 40 3 
        
B72 
 
1 202 63 15 43 nd 
B72 
 
2 167 58 15 40 nd 
B72 
 
3 162 58 15 40 nd 
  
Average 177 60 15 41 
 
        
C12 
 




   
CMP DCF FEN GMB NX 
Sample 
 
Replicate ng / g ng / g ng / g ng / g ng / g 
C12 
 
2 404 53 15 40 5 
C12 
 
3 238 56 15 40 8 
  
Average 340 53 14 40 6 
        
C12 S 1 522 193 149 177 141 
C12 S 2 482 205 157 193 149 
C12 S 3 562 205 153 185 141 
  
Average 522 201 153 185 143 
        
C27 
 
1 278 20 10 28 3 
C27 
 
2 278 25 10 30 3 
C27 
 
Average 278 23 10 29 3 
        
C72 
 
1 217 91 18 40 3 
C72 
 
2 212 93 18 40 3 
C72 
 
3 na 99 18 43 1 
  
Average 215 94 18 41 2 
        
C72 S 1 357 241 145 169 133 
C72 S 2 337 237 145 165 137 
C72 S 3 442 241 149 181 141 
  
Average 379 240 146 171 137 
Notes: 
Sample ID is comprised of the column letter followed by sample depth in cm 
CMP = carbamazepine, DCF = diclofenac, FEN  = fenoprofen, GMB = gemfibrozil, NX = naproxen 
S = spiked 
na = not analyzed 
nd  = not detected 
gray font = nd, half the detection limit used for averaging 
 
Table B-2 displays the infiltrated (a), attenuated (b), sorbed (c), and degraded (d) mass over the 
duration of the experiments, along with cumulative error and the fate of mass as a percentage of total 
mass infiltrated. For carbamazepine and diclofenac, the calculated mass value includes the average of 
the two possible scenarios for the pre-spiking mass (scenario 1, all pre-spiking mass passing the 
sampling ports in the water phase; scenario 2, only a minimum amount of pre-spiking mass, based on 
the pre-spiking outflow concentration, passing in the water phase). The cumulative error displayed in 
the “±” column is one propagated standard deviation of measurement errors plus (for attenuated and 
degraded mass only) half of the difference between the calculated values for the two pre-spiking mass 
scenarios. Although these uncertainties are of a different nature, they are added together for 




is included in the infiltrated (a) total but any pre-spiking mass is neglected in the attenuated and 





Table B-2. Mass Balance 
 
 Carbamazepine Diclofenac Fenoprofen Gemfibrozil Naproxen 












mg mg % mg mg % mg mg % mg mg % mg mg % 
A 15.5 0.7 100 21.4 1.3 100 9.2 0.5 100 18.3 1.2 100 9.3 0.9 100 
B 12.4 0.6 100 16.0 1.0 100 7.1 0.5 100 15.0 1.1 100 6.5 0.8 100 
C 11.1 0.4 100 12.7 0.7 100 6.5 0.4 100 12.0 0.5 100 6.8 0.7 100 
b) Attenuated mass   
A 
12 3.4 1.1 22 4.1 2.5 19 5.3 0.8 57 7.4 1.4 41 7.3 1.2 79 
A 
27 4.6 1.1 30 5.8 2.3 27 5.9 0.6 64 9.7 1.4 53 8.7 0.9 94 
A 
72 9.8 1.0 64 8.7 2.3 41 5.4 0.6 59 12.1 1.3 66 9.0 0.9 97 
B 
12 2.9 0.6 24 5.4 1.6 34 3.4 0.6 47 5.1 1.3 34 3.6 0.8 55 
B 
27 5.2 0.6 42 9.5 1.5 59 4.3 0.6 60 8.1 1.2 54 4.9 0.8 75 
B 
72 9.8 0.5 79 11.7 1.5 73 4.3 0.5 61 11.1 1.1 74 6.1 0.8 94 
C 
12 2.3 0.5 21 4.1 1.4 32 1.3 0.6 19 2.7 0.7 22 2.5 0.9 37 
C 
27 6.1 0.4 55 7.9 1.2 62 3.2 0.6 49 6.9 0.7 58 5.8 0.7 85 
C 
72 8.3 0.4 75 8.4 1.2 66 3.6 0.6 56 7.8 0.6 65 6.4 0.7 93 
c) Sorbed mass 
A 
12 3.0 0.9 19 1.5 0.1 7 0.14 0.01 2 0.41 0.02 2 0.06 0.01 1 
A 
27 6.3 1.5 41 3.1 0.2 15 0.32 0.02 3 0.91 0.04 5 0.13 0.01 1 
A 
72 12.8 2.5 83 6.9 0.3 32 0.82 0.04 9 2.22 0.07 12 0.24 0.03 3 
B 
12 2.2 0.6 18 0.26 0.02 2 0.078 0.002 1 0.25 0.01 2 0.039 0.001 1 
B 
27 4.4 1.1 35 0.65 0.07 4 0.19 0.01 3 0.60 0.02 4 0.08 0.01 1 
B 
72 9.0 1.8 73 2.2 0.3 14 0.62 0.02 9 1.80 0.06 12 0.14 0.04 2 
C 
12 2.1 0.7 19 0.41 0.03 3 0.11 0.01 2 0.31 0.01 3 0.05 0.01 1 
C 
27 4.5 1.2 41 0.77 0.04 6 0.23 0.01 4 0.65 0.02 5 0.09 0.01 1 
C 
72 10.2 1.8 92 2.5 0.1 19 0.64 0.02 10 1.70 0.05 14 0.15 0.01 2 
d) Degraded mass  
A 
12 0.4 1.4 3 2.7 2.5 12 5.1 0.8 56 7.0 1.4 38 7.3 1.2 78 
A 
27 -1.7 2.0 -- 2.6 2.4 12 5.5 0.6 60 8.8 1.4 48 8.6 0.9 93 
A 
72 -2.9 2.8 -- 1.8 2.3 9 4.6 0.6 50 9.9 1.3 54 8.7 0.9 94 
B 




 Carbamazepine Diclofenac Fenoprofen Gemfibrozil Naproxen 
B 
27 0.8 1.2 7 8.9 1.5 55 4.1 0.6 57 7.5 1.2 50 4.8 0.8 74 
B 
72 0.8 1.8 6 9.5 1.5 59 3.7 0.5 52 9.3 1.1 62 6.0 0.8 92 
C 
12 0.2 0.8 2 3.7 1.4 29 1.1 0.6 18 2.4 0.7 20 2.5 0.9 36 
C 
27 1.6 1.2 14 7.1 1.3 56 2.9 0.6 45 6.3 0.7 52 5.7 0.7 84 
C 
72 -1.9 1.8 -- 5.9 1.2 46 3.0 0.6 46 6.1 0.6 51 6.2 0.7 91 
 
pi = portion of infiltrated mass  
± = cumulative error 
Negative values are a result of calculations and values lie within or close to the cumulative error 
(propagated standard deviation plus uncertainty due to unmeasured pre-spiking mass) range shown. 
 
